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Abstract 
 
The explosion of the Deepwater Horizon oil platform on April 20, 2010 initiated the 
release of 640 million liters of oil into the Gulf of Mexico (GOM).  In efforts to prevent the 
oiling of coastlines, response officials applied nearly 7.5 million liters of the oil dispersant 
Corexit®.  Despite these efforts, oil reached over 2100 km of coastline along the northern GOM, 
including estuaries that serve as important habitats and nurseries.  These estuaries are dynamic 
ecosystems, with constant fluctuations in salinity and dissolved oxygen.  While it is well-
established that oil is toxic to marine species, gaps remain in the understanding of how the 
impact of oil exposure may have been exacerbated by environmental (hypoxia and low salinity) 
and anthropogenic (oil dispersants) stressors.  The impacts of oil and oil dispersants were 
investigated in an economically and ecologically important GOM invertebrate, the eastern oyster 
(Crassostrea virginica).  Oysters were exposed to Corexit®, oil, or dispersed oil to evaluate 
potential toxic effects on immunological (phagocytosis and respiratory burst) and physiological 
(feeding rate) endpoints.  Exposure resulted in significant modulation of immune functions and 
feeding rates, and oysters were most sensitive to dispersed oil.  The impacts of environmental 
stressors on the physiological responses to oil exposure were investigated in sheepshead 
minnows (Cyprinodon variegatus), small estuarine fish native to the GOM with tolerance for a 
wide range of environmental conditions.  Adult sheepshead minnows were exposed to oil in 
three environmental scenarios: normoxic, hypoxic, and hypoxic with low salinity.  Oil exposure  
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reduced egg production and fertilization rate, but only when sheepshead minnows were exposed 
in hypoxic and hypoxic with low salinity scenarios.  Parental exposure in the normoxic scenario 
resulted in developmental effects in F1 and F2 generations, demonstrating transgenerational 
effects.  F1 developmental effects tended to be altered in the hypoxic and hypoxic with low 
salinity scenarios.  The combination of reduced reproductive capacity and altered development 
could lead to long-term population level impacts for sheepshead minnow.  These data suggest 
that oil spill risk assessments that fail to consider anthropogenic (chemical dispersants) and 
environmental stressors (hypoxia and salinity) may be underestimating risk to the health of 
eastern oysters and sheepshead minnows. 
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1 
Chapter 1: Introduction 
 
1.1. Gulf of Mexico ecosystem 
The Gulf of Mexico (GOM) is a large, complex, and interconnected ecosystem that 
extends more than 1.5 million km2 (DWH NRDA Trustees 2016).  In addition to vast pelagic and 
benthic ecosystems, the GOM includes expansive nearshore habitats, including oyster reefs, salt 
marshes, estuaries, mudflats, and mangrove forests (DWH NRDA Trustees 2016).  The wetlands 
and estuaries of the GOM provide habitat for hundreds of species of invertebrates, fish, birds, sea 
turtles, and marine mammals (DWH NRDA Trustees 2016), including commercially and 
recreationally important species of fish and shellfish, such as oysters, shrimp, red snapper and 
tuna (DWH NRDA Trustees 2016).  These habitats also provide recreation, tourism, and 
employment.  In sum, the GOM is an extremely ecologically and economically important body 
of water in the United States (Ward and Tunnell, 2017). 
 
1.2. Deepwater Horizon (DWH) oil spill 
1.2.1. Introduction to the DWH incident 
In the evening of April 20, 2010, there was an explosion of the Deepwater Horizon 
(DWH) oil exploration platform, located in the Mississippi Canyon Block 252, approximately 66 
km off the coast of Louisiana (Figure 1).  The explosion tragically killed 11 crew members and 
injured an additional 17.  The platform sank two days later, breaking the marine riser, which 
connected the floating platform to the blowout preventer on the sea floor one mile below (DWH 
NRDA Trustees 2016).  This initiated the release of approximately 640 million liters of crude oil 
into the GOM, which flowed out of the wellhead for 87 days, until the well was officially sealed 
on July 15, 2010 (Beyer et al., 2016).  With an estimated 1.7 x 1011 g of C1-C5 hydrocarbons 
 
 
 
2 
released into GOM waters, the DWH oil spill was the largest marine oil spill in United States 
history and second largest worldwide (Martínez et al., 2012; Reddy et al., 2012). 
The DWH oil spill was unprecedented both in terms of the volume of oil released, and 
the depth at which the oil was leaking.  The extreme depth of the leaking wellhead resulted in 
extensive amounts of dissolved hydrocarbons remaining in the water column, due to an inability 
for the compounds to volatize into the atmosphere (Reddy et al., 2012).  Although the explosion 
of the DWH platform occurred 66 km off the coast, floating oil and dissolved or dispersed oil 
components reached northern GOM coastlines within days.  Slicks of oil covered more than 
112,000 km2 of the ocean’s surface and affected more than 2100 km of coastline, including areas 
of Texas, Louisiana, Mississippi, Alabama, and Florida (Beyer et al., 2016; Nixon et al., 2016).  
An estimated 4% of the total oil released, approximately 25 million liters, reached shorelines of 
the northern GOM (Beyer et al., 2016).  The affected coastlines included wetlands and estuaries 
that provide nursery and habitat for thousands of aquatic species (Nixon et al., 2016). 
On May 24, 2010, British Petroleum (BP) committed $500 million over a 10 year period 
to create an independent research program, the Gulf of Mexico Research Initiative (GoMRI) to 
study the impacts of the oil spill on the environment and public health (Gulf of Mexico Research 
Initiative, 2013).  More specifically, the GoMRI seeks to understand physical distribution, 
dispersion, and dilution of the oil, chemical and biological degradation of the oil, environmental 
effects on the ecosystem, and impacts on public health, and develop new technologies for 
improved response and mitigation (Shepherd et al., 2016).  The primary goal of the GoMRI is to 
improve the ability to respond to and mitigate impacts of oil pollution and related stressors of the 
marine and coastal ecosystems (Gulf of Mexico Research Initiative, 2013). 
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1.2.2. Mitigation strategies 
The response effort to mitigate the effects of the spill was massive, involving over 2,500 
response vessels, 4.4 million feet of sorbent boom, and nearly 7.5 million liters of chemical 
dispersant (Levy and Gopalakrishnan, 2010; National Commission on the BP Deepwater 
Horizon Oil Spill and Offshore Drilling, 2011).  Other mitigation strategies included sand berms, 
freshwater diversions, and more than 400 controlled burnings (Beyer et al., 2016; Levy and 
Gopalakrishnan, 2010; Martínez et al., 2012).  Of the total quantity of oil that leaked into the 
GOM, it was estimated that approximately 23% evaporated or dissolved, 17% was recovered 
directly from the well head, 16% was chemically dispersed, 13% naturally dispersed, 5% was 
burned, 3% was skimmed, and a remaining 23% was classified as “other oil” that had an 
unknown fate (Lehr et al., 2010). 
 
1.2.2.1. Use of chemical dispersants 
Nearly 4.5 million liters of chemical dispersant were applied by aircrafts to surface oil 
more than 3 nautical miles offshore (DWH NRDA Trustees 2016).  Additionally, in a novel 
approach, nearly 3 million liters were injected into the mile-deep wellhead.  Chemical 
dispersants are complex mixtures of surfactants, to emulsify the oil, and solvents, to break up 
large clumps of viscous oil (Judson et al., 2010).  The combination of chemical dispersants and 
wave energy help break up the oil into small droplets that are neutrally buoyant and more readily 
biodegraded by bacteria (Echols et al., 2018).  This allows the oil droplets to remain in the water 
column and prevents large surface slicks from contaminating coastlines (George-Ares and Clark, 
2000).  The chemical dispersant used in the GOM in response to the DWH oil spill was 
predominantly Corexit® 9500, and to a lesser extent Corexit® 9527, both of which contain 
 
 
 
4 
dioctyl sodium sulfosuccinate (DOSS) as the primary surfactant (Beyer et al., 2016).  The use of 
dispersants involves the trade-off of reduced impact on shorelines with increased proportions of 
oil components in the water column (Echols et al., 2018).  As a result, marine life residing in the 
water column were at risk of toxicity from both the dissolved oil components and the chemical 
dispersant. 
  
1.2.2.1.1. Toxicity of Corexit® dispersants 
The surfactants used in chemical dispersants are known to exert adverse effects on 
biological membranes, including increased permeability, loss of barrier function, and osmotic 
imbalance (Singer et al., 1996).  The acute toxicity of Corexit® 9500 was fairly well-established 
years before its use in the GOM to disperse oil following the DWH oil spill, with documented 
lethal concentration to 50% of the organisms (LC50) values for several aquatic species, including 
gulf mysid shrimp (Americamysis bahia), rainbow trout (Oncorhynchus mykiss), and 
mummichogs (Fundulus heteroclitus) (George-Ares and Clark, 2000; Singer et al., 1996).  Based 
on the findings of the mortality studies, Corexit® 9500 was determined to be of similar toxicity 
to the older Corexit® dispersants, 9527 and 9554.  In the years following the DWH oil spill, 
there has been extensive research investigating the sub-lethal effects of Corexit® 9500 on 
residents of the GOM.  Exposure to Corexit® 9500 has been documented to cause numerous 
toxic effects in a variety of marine life, including mortality of marine microzooplankton, reduced 
settlement and survival of coral larvae, decreased fertilization of eastern oysters, and altered 
growth of larval and juvenile spotted seatrout (Almeda et al., 2014; Brewton et al., 2013; 
Goodbody-Gringley et al., 2013; Vignier et al., 2015).  Furthermore, studies have demonstrated 
that Corexit® increases the toxicity of oil to marine species, including marine rotifers 
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(Brachionus plicatilis), sheepshead minnows (Cyprinodon variegatus), and spotted seatrout 
(Cynoscion nebulosus) (Almeda et al., 2014; Brewton et al., 2013; Denslow et al., 2015; Rico-
Martínez et al., 2013; Wu et al., 2012). 
 
1.2.2.2. Freshwater diversions 
In addition to chemical dispersants and other mitigation strategies, freshwater diversions 
were employed in attempts to limit the effects of oil on GOM coastlines.  Freshwater diversions 
are used to flush contaminants downstream and away from the coast, preventing oil from 
washing into sensitive coastal habitats (Martínez et al., 2012).  In late April 2010, the state of 
Louisiana initiated a massive diversion of freshwater from the Mississippi River into Barataria 
Bay and Breton Sound (Bianchi et al., 2011; Martínez et al., 2012).  While the diversion of 
freshwater has historically been used by the state of Louisiana to maintain target salinity 
gradients in its estuaries, in response to the DWH oil spill, the salinity control structures were 
opened at or near maximum capacity for extended periods of time, resulting in drastically 
reduced salinity levels in Louisiana estuaries (DWH NRDA Trustees 2016).  It is still unclear 
how effective these diversions were at reducing oiling to the Louisiana coast (Martínez et al., 
2012). 
 
1.3. Polycyclic aromatic hydrocarbons (PAHs) 
1.3.1. Physical characteristics of PAHs 
While mitigation strategies aimed to reduce the impact of crude oil on the GOM, more 
than 2100 km of the northern GOM coastline were still affected (Beyer et al., 2016).  Crude oils 
are complex mixtures of many chemical compounds, primarily hydrocarbons (Dybing et al., 
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1989).  Polycyclic aromatic hydrocarbons (PAHs) are components of crude oil of particular 
concern in oil spills due to their toxicity and carcinogenicity in humans and wildlife (Allan et al., 
2012).  The size and structure of the PAH influence the bioavailability of the compound, as well 
as the ability of the compound to induce carcinogenic, mutagenic, and genotoxic effects (Logan, 
2007).  Low molecular weight PAHs, two or three-ringed compounds, such as naphthalene and 
phenanthrene, are more water-soluble and therefore more readily taken up by marine organisms 
(Hylland, 2006; Ramachandran et al., 2006; Walker et al., 2012).  High molecular weight PAHs, 
with four or more aromatic rings, such as pyrene and chrysene, are more hydrophobic and tend to 
partition into lipid-rich tissues (Meador et al., 1995; Shukla et al., 2007).  Figure 2A provides a 
diagram of the structures of some common parent PAHs. 
 
1.3.2. Metabolism of PAHs 
Once taken up by an organism through ingestion, respiration, or diffusion across the skin, 
PAHs are readily metabolized by monooxygenases, such as cytochrome p450 cyp1a1, into polar 
metabolites and then into conjugates that can be readily excreted (Ma and Lu, 2007; Walker et 
al., 2012).  In fish, some low molecular weight PAHs can also be eliminated through passive 
diffusion across the gills and skin (Logan, 2007).  The intracellular pathway involved in 
metabolism of PAHs has been well described, and a brief overview of the pathway is shown in 
Figure 3.  In the cell, PAHs bind the aryl hydrocarbon receptor (AhR), resulting in transport of 
AhR into the nucleus, where it will dimerize with the aryl hydrocarbon receptor nuclear 
transporter (ARNT).  Inside the cell nucleus, the AhR/ARNT dimer binds to xenobiotic response 
elements (XREs), increasing transcription of genes coding for metabolic enzymes such as 
cyp1a1 (Denison and Nagy, 2003). 
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1.3.3. Toxicity of PAHs to aquatic species 
PAHs are known to be toxic to marine species, causing either direct mortality or sub-
lethal effects on important physiological functions.  PAHs cause a range of physiological effects, 
depending on the specific composition of the PAH mixture, the exposure concentration, and the 
exposure duration.  Additionally, toxicity is influenced by the relative contribution of alkyl 
PAHs, PAHs with one or more alkyl group substitutions, which are generally more acutely toxic 
than the parent compound (Irwin et al., 1997).  Alkyl PAHs are also more persistent in the 
environment, and exhibit decreased solubility and increased tendency to bioaccumulate (Irwin et 
al., 1997).  Figure 2B provides a diagram of the structures of some common alkyl PAHs. 
PAHs are considered endocrine disrupting chemicals because of their ability to disrupt 
normal endocrine system functioning by exhibiting antiestrogenic properties (Arcaro et al., 
1999).  In fish, endocrine disruption typically manifests as a decrease in reproductive capacity 
(Cheshenko et al., 2008).  Exposure to PAHs has been demonstrated to alter fish reproduction in 
an antiestrogenic mechanism similar to the action of dioxin (Logan, 2007).  Dioxin (2,3,7,8-
Tetrachlorodibenzo-p-dioxin; TCDD) is a persistent organic pollutant produced as a by-product 
of certain industrial processes, and is the most toxic and most studied compound within the class 
of polychlorinated dibenzodioxins, a group of chemicals that exert their toxicity through 
interaction with the AhR (Birnbaum, 1994).  Binding of PAHs to the AhR initiates antiestrogenic 
activity, resulting in decreased synthesis of estrogens, and reduced reproductive capacity 
(Cheshenko et al., 2008).  More specifically, PAHs have been shown to decrease expression and 
activity of aromatase, the enzyme responsible for conversion of androgens to estrogens, thereby 
reducing available estrogens (Cheshenko et al., 2008). 
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In addition to reproductive effects in adults, exposure to PAHs has repeatedly been 
demonstrated to induce developmental defects in embryonic and larval fish, including cardiac 
abnormalities, reduced hatch percentages, delayed hatching, reduced length, and increased 
mortality (Bosker et al., 2017b; Brewton et al., 2013; Incardona et al., 2014; Rodgers et al., 
2018).  The developing heart is often considered the primary target of oil exposure, and 
cardiotoxicity is typically considered the hallmark developmental effect of PAH exposure in 
early life stages of fish (Incardona et al., 2009). 
While reproductive and developmental effects may have direct population level impacts 
in exposed species, PAHs are also capable of eliciting more subtle changes in organism fitness, 
such as immunosuppression.  Modulation of immune system functioning by PAHs has been 
documented in a range of aquatic species, including invertebrates and fish (Bravo et al., 2011; 
Carlson et al., 2002; Croxton et al., 2012; Dyrynda et al., 2000).  It has been suggested that 
PAHs exert immunotoxic actions, such as decreased lymphocyte proliferation, through 
modulation of intracellular calcium levels (Reynaud et al., 2003).  Dispersed oil has been shown 
to increase hemocyte phagocytosis in bivalves, which has the potential to increase oxidative 
stress, and increase uptake of contaminants (Donaghy et al., 2010).  Immunomodulation as a 
result of contaminant exposure can cause increased susceptibility to opportunistic pathogens.   
For example, juvenile rainbow trout exposed to high molecular weight PAHs were more 
susceptible to the pathogenic bacteria Aeromonas salmonicida (Bravo et al., 2011).  
Opportunistic infections could result in morbidity or mortality of the organism, reducing 
organism fitness, and may spread to conspecifics, resulting in serious impacts at the population 
level. 
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1.4. Habitats affected by the DWH oil spill  
1.4.1. Oyster beds 
Commercialization of eastern oysters (Crassostrea virginica) is a major contributor to the 
economic value of the GOM region.  The GOM supplies nearly 85% of the United States’ 
eastern oysters, bolstering a nationwide oyster industry worth approximately $200 million 
annually (Deepwater Horizon Natural Resource Damage Assessment Trustees, 2016; NOAA 
Fisheries, 2019).  In addition to their massive economic value to the GOM, oyster reefs provide 
many ecosystem services, including benthic-pelagic coupling, improvement of water quality and 
clarity, production of biodeposits, cycling of dissolved nutrients, and conversion of particulate 
matter into biomass that can be used by higher trophic levels (Dame, 1993; Newell, 2004; Prins 
et al., 1997).  Oyster beds also provide habitats that serve as refuge and nursery for numerous 
species of fish and invertebrates (Love et al., 2013).  Given their particle feeding behavior, 
abundance in coastal zones, and wide distribution, eastern oysters are considered an indicator 
species for ecosystem health (Volety et al., 2009).  NOAA’s Mussel Watch contaminant 
monitoring program has used oysters as biomarkers for environmental health for decades 
(NOAA National Centers for Coastal Ocean Science, 2017).  Following the DWH oil spill, 
oyster beds along GOM coastlines were exposed to PAHs and chemical dispersants, which 
individually or synergistically may have compromised oyster health and survival. 
 
1.4.2. Fish habitats 
The GOM provides a range of habitats, including marshes, mangroves, reefs, and 
estuaries for more than 1400 species of finfish (Chen, 2017).  Following DWH, fish residing in 
the GOM were at significant risk of PAH exposure, both in the water column and through 
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contact with sediments.  Moreover, species of fish that produce demersal eggs, eggs that sink to 
the sea floor, such as sheepshead minnow, have eggs in contact with the PAH-contaminated 
sediment.  Fish can encounter PAHs through uptake via the gills during respiration, through 
ingestion of contaminated food or sediment, and through direct absorption through the skin 
(Logan, 2007).  Small fish, like sheepshead minnow, occupy key positions in aquatic food webs, 
as prey for larger carnivorous fish and birds.  When these fish are impacted by PAH exposure, it 
indirectly affects the species dependent on them for prey/food (Logan, 2007). 
 
1.5. Environmental fluctuations of Gulf of Mexico estuaries 
Estuaries of the northern GOM are highly dynamic, with constant fluctuations in salinity 
and dissolved oxygen.  Due to agricultural discharge from the Mississippi River watershed, 
stratification of the water column, and a seasonal increase in biochemical oxygen demand, the 
GOM experiences a seasonal period of low dissolved oxygen (hypoxia), usually during summer 
months (Diaz and Rosenberg, 2008; Thomas et al., 2007; Turner et al., 2012; USEPA, 1999).  
During the time of the DWH oil spill in 2010, the hypoxic zone of the GOM spanned 20,000 km2 
(Turner et al., 2012).  The hypoxic zone of the GOM is often called a “dead zone” because the 
dissolved oxygen levels are low enough to kill fish and other marine life.  While many fish 
succumb to hypoxia, sheepshead minnow demonstrate a remarkable tolerance for low dissolved 
oxygen levels (Nordlie, 2006). 
 
1.5.1. Impact of hypoxia on estuarine fish    
While estuarine species are generally adaptable to fluctuations in water conditions (e.g. 
salinity, dissolved oxygen, temperature), it is not well understood how organisms respond to the 
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additional stress of oil exposure.  Species in GOM estuaries were at significant risk of oil 
exposure following the DWH oil spill, and environmental stressors such as hypoxia and low 
salinity may have exacerbated the impact of oil.  Fish are typically able to withstand hypoxic 
conditions by initiating physiological and behavioral responses to enhance oxygen uptake, such 
as increased gill ventilation and aquatic surface respiration (Richards, 2011).  Additionally, fish 
can respond by minimizing metabolic energy expenditure, such as limiting growth and fecundity 
(Wu, 2002).  Recent studies have documented synergistic toxicity of oil and hypoxia on fish 
reproduction (Hedgpeth and Griffitt, 2016) and development (Fleming and Di Giulio, 2011), 
which may be a result of overlap between intracellular oil and hypoxia response pathways 
(Mandl and Depping, 2014).  During hypoxia, hypoxia inducible factor 1a (HIF-1a) 
accumulates in the cell, translocates to the nucleus, and dimerizes with HIF-1b (Figure 3).  HIF-
1b is also referred to as ARNT, the dimerization partner of AhR following hydrocarbon 
exposure.  Inside the nucleus, the HIF-1a/ HIF-1b dimer binds to hypoxia response elements 
(HREs) and increases transcription of genes involved in the cellular response to hypoxia, such as 
erythropoietin and vascular endothelial growth factor (Liu et al., 2012).  Competition for the 
ARNT/HIF-1b proteins could result in reduced PAH metabolism in hypoxic conditions, leading 
to increased PAH partitioning in lipid-rich tissues, or impaired hypoxia response. 
 
1.5.2. Impact of salinity on estuarine fish 
Salinity of the water is another important environmental parameter that may have acted 
as an additional stressor to organisms exposed to oil in the GOM.  In addition to the effect of 
salinity on solubility, and therefore bioavailability, of PAHs described above, fish alter their 
method of osmoregulation in response to salinity changes, which can affect the route of exposure 
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to PAHs (Bosker et al., 2017a).  Fish hypoosmotic to the surrounding water drink seawater to 
maintain osmotic balance, while fish hyperosmotic to the surrounding water perform 
osmoregulation primarily through the gills (Bosker et al., 2017a; Evans, 1997).  Therefore, fish 
in higher salinities would likely uptake PAHs through ingestion, while fish in lower salinity 
would likely uptake PAHs through diffusion across the gills.  The route of exposure is critically 
important to consider in toxicology, as it can affect bioaccumulation as well as toxicity. 
 
1.6. Rationale, hypotheses and objectives 
In the years following the DWH oil spill, there were extensive investigations into the 
effects of oil exposure on the GOM ecosystem.  However, gaps remain in the understanding of 
how the impact of oil exposure on important GOM species may have been exacerbated by 
environmental (i.e. hypoxia and low salinity) and anthropogenic (i.e. chemical dispersant) 
stressors.  This dissertation addressed a primary research theme of GoMRI, to assess the 
environmental effects of the petroleum/dispersant system on coastal organisms (Shepherd et al., 
2016), by investigating the combined effect of oil exposure and environmental and chemical 
stressors in two important GOM species.  In addition to the massive commercial value of oysters 
in the GOM, oysters are critically important to the GOM ecosystem, providing a number of 
ecosystem services, including filtration of water, resulting in improved water quality and clarity 
for the rest of the community.  Sheepshead minnows also play an important ecological role in the 
GOM, as a prey source for larger carnivorous fish that are commercially valuable to GOM 
fisheries.  This dissertation tested the following hypotheses: 
 
1. Exposure to Corexit® 9500, oil, and a mixture of oil and Corexit® 9500 will result in 
similar adverse immunological and physiological effects in the eastern oyster 
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2. Oil exposure will impact somatic, reproductive, and developmental endpoints in 
sheepshead minnow 
3. Oil exposure will result in transgenerational effects on F1 and F2 generations in 
sheepshead minnow 
4. Suboptimal environmental conditions will increase the effect of oil on somatic, 
reproductive, and developmental endpoints in sheepshead minnow 
 
These hypotheses were tested using the following objectives: 
 
In eastern oysters: 
1a. Determine the EC50 for immunological and physiological endpoints 
1b. Determine correlation between body burdens of Corexit® and PAHs and immunological 
endpoints 
1c. Compare effects of exposures on immunological and physiological endpoints  
 
In sheepshead minnows:  
2a. Determine the effect of oil exposure on somatic, reproductive, and developmental 
endpoints in optimal environmental conditions 
2b. Determine correlation between body burden of PAHs and somatic and reproductive 
endpoints in optimal environmental conditions 
3a. Determine changes in somatic and reproductive endpoints in unexposed adult F1 
sheepshead minnow following F0 exposure 
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3b. Determine changes in developmental endpoints in unexposed embryonic F2 generation 
following F0 exposure 
4a. Determine the effect of oil exposure on somatic, reproductive, and developmental 
endpoints in suboptimal environmental conditions 
4b. Determine correlation between body burden of PAHs and somatic and reproductive 
endpoints in suboptimal environmental conditions 
4c. Compare effects of oil between optimal and suboptimal conditions 
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1.7. Figures 
 
 
Figure 1. The extent of the Deepwater Horizon (DWH) oil spill in the Gulf of Mexico (GOM).  
Oil leaked from the DWH oil exploration platform (“Macondo”, black asterisk) for 87 days in 
2010, affecting more than 2100 km of GOM coastline.  Map source: (DWH NRDA Trustees 
2016)   
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Figure 2.  Structures of several parent (A) and alkyl (B) polycyclic aromatic hydrocarbons 
(PAHs). 
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Figure 3.  Intracellular hypoxia and polycyclic aromatic hydrocarbon (PAH) response pathways.  
In conditions of normoxia (normal oxygen levels), hypoxia-inducible factor 1a (HIF-1a) is 
ubiquitinated and targeted for degradation by proteasomes.  When oxygen levels are low 
(hypoxia), HIF-1a accumulates in the cell and translocates to the nucleus.  Inside the nucleus, 
HIF-1a dimerizes with aryl hydrocarbon nuclear transporter (ARNT), also named hypoxia-
inducible factor 1b (HIF-1b).  The HIF-1a/HIF-1b dimer binds to hypoxia response elements 
(HREs) in DNA and increases transcription of target genes, including vascular endothelial 
growth factor (VEGF) and erythropoietin (EPO).  Following oil exposure, PAHs enter the cell 
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and bind to the aryl hydrocarbon receptor (AhR), which exists as a complex of proteins, 
including heat shock protein 90 (HSP90).  Binding of the PAH to the AhR causes AhR to release 
from its protein chaperones and translocate to the nucleus.  Inside the nucleus, the AhR 
dimerizes with ARNT/HIF-1b.  The AhR/ARNT dimer binds to xenobiotic-response elements 
(XREs) in DNA and increases transcription of genes that encode monooxygenases, including 
cytochrome P450 1a (cyp1a), that metabolize PAHs. 
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2.1. Abstract 
Given their particle feeding behavior, sessile nature, and abundance in coastal zones, 
bivalves are at significant risk of exposure to oil and oil dispersant following environmental 
disasters like the Deepwater Horizon oil spill.  However, the effects of oil combined with oil 
dispersants on the health of oysters are not well studied.  Therefore, eastern oysters (Crassostrea 
virginica) were exposed in vivo to Corexit® 9500, crude oil (high-energy water accommodated 
fraction; HEWAF), and a Corexit/oil mixture (chemically-enhanced water accommodated 
fraction; CEWAF) to evaluate potential toxic effects on immunological (phagocytosis and 
respiratory burst), physiological (feeding rate), and histological endpoints.  Phagocytosis was 
significantly increased following CEWAF exposure only.  Respiratory burst was significantly 
decreased following Corexit® exposure, but significantly increased following exposure to the 
highest concentration of CEWAF.  Oyster feeding rates were significantly decreased following 
exposure to Corexit®, HEWAF, and CEWAF, and were most sensitive to CEWAF exposure. 
These modulations of important immunological and physiological functions could result in 
serious health outcomes for oysters, such as increased parasitism and decreased growth.  Our 
experiments showed that subtle, sub-lethal effects occurred following acute in vivo exposure to 
Corexit®, HEWAF, and CEWAF, though oysters were not equally sensitive to the three 
components.  Data from this study can be used for more accurate risk assessment concerning the 
impact of oil and Corexit® on the health of oysters. 
 
Keywords: oyster toxicology, oil spills, dispersant, Corexit®, HEWAF, CEWAF, 
immunotoxicity  
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2.2. Introduction 
The explosion of the British Petroleum Deepwater Horizon (DWH) oil exploration 
platform on April 20, 2010 resulted in an unprecedented 640 million liters of crude oil being 
released into the Gulf of Mexico, affecting more than 2100 kilometers of shoreline (Beyer et al., 
2016).  Soluble components of crude oil, specifically polycyclic aromatic hydrocarbons (PAH), 
are known to be toxic, carcinogenic, and immunotoxic to humans and wildlife (Dubansky et al., 
2013; Frederick et al., 2007), and are persistent in the environment (Vignier et al., 2015).  
Numerous studies have demonstrated the toxicity of PAH exposure in marine species, including 
oysters and other bivalves, in both field studies and laboratory experiments (Chu and Hale, 1994; 
Croxton et al., 2012; Donaghy et al., 2010; Dyrynda et al., 2000; Hannam et al., 2010; Sami et 
al., 1992; Vignier et al., 2015).  These reports indicate a strong potential for PAH toxicity in 
bivalves present in the Gulf of Mexico during and after the DWH oil spill.  It is unclear, 
however, if dispersant used in DWH clean-up efforts exacerbated the toxicity of the PAH, either 
by direct toxicity of the chemical dispersant, or by increased exposure to PAH. 
In efforts to clean up the oil, 4.5 million liters of chemical dispersant were sprayed on the 
surface of the slick and, in a novel approach, nearly 3 million liters were injected directly into the 
mile-deep wellhead (Avery, 2010).  Corexit® 9500, manufactured by Nalco Environmental 
Solutions LLC, was the dispersant most widely used by British Petroleum in response to the oil 
spill (Hemmer et al., 2010a; Hemmer et al., 2010b).  Chemical dispersants are complex mixtures 
of surfactants, used to emulsify oil, and solvents, used to break up large clumps of viscous oil 
(Judson et al., 2010).  Chemical dispersants work by breaking up the oil into small droplets less 
than 100 μm, which helps facilitate biodegradation by bacteria and prevent large surface slicks 
from coming ashore (George-Ares and Clark, 2000).  Oil droplets of this size are neutrally 
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buoyant, allowing them to remain in the water column.  Diffuse clouds of dispersed oil dissipate 
throughout the water column where they begin to biodegrade.  The use of dispersants in an oil 
spill response requires a tradeoff between minimizing impacts on surface dwelling animals and 
coastal ecosystems and increasing potential risk to benthic resources (Coastal Response Research 
Center, 2006; Laleian and Azwell, 2011).  Whereas dispersants may be effective in breaking up 
surface slicks, their use may result in an increased risk of exposure of subsurface aquatic species 
to dispersed oil components (George-Ares and Clark, 2000).  Until the oil is biodegraded, even 
dilute amounts of dispersed oil can be toxic to vulnerable species, including marine mammals, 
fish, and shellfish (Coastal Response Research Center, 2006; George-Ares and Clark, 2000). 
 As sessile animals, benthic bivalve molluscs (e.g. clams, mussels, cockles, oysters) may 
be particularly vulnerable to oil and dispersant exposure (Black et al., 1997).  Bivalves provide 
many ecosystem services, including benthic-pelagic coupling (Dame, 1993).  They filter large 
volumes of water per unit time (e.g. 3-9 L h-1 g dry mass-1)(Newell et al., 2005), and their 
populations interact significantly with dissolved, colloidal, and particulate material in near-shore 
environments.  Through their suspension-feeding activities, they remove phytoplankton, produce 
biodeposits, cycle dissolved nutrients, and convert particulate matter into biomass that can be 
used by higher trophic levels (Dame, 1993; Newell, 2004; Prins et al., 1997).  Given their 
particle feeding behavior, abundance in coastal zones, and wide distribution, bivalves are at 
significant risk of oil and dispersant exposure following an oil spill incident like DWH.  Harmful 
effects on living resources could lead to a reduction in ecosystem functioning and services to 
near-shore waters.  Determining the effects of oil and dispersants on bivalves is imperative to 
more accurately predict impacts of future oil spills. 
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This study tested the hypothesis that laboratory in vivo exposure to Corexit® 9500, sweet 
Louisiana crude oil high-energy water accommodated fraction (HEWAF), and a mixture of oil 
and Corexit® 9500 (chemically-enhanced high-energy water accommodated fraction, CEWAF) 
would result in similar adverse sub-lethal health effects in the eastern oyster (Crassostrea 
virginica) following acute exposure. The objectives of this study were (1) to determine the EC50, 
the concentration necessary to increase or decrease oyster immune functions or clearance rates 
by 50%, a measure of the sub-lethal effects; (2) to assess histopathological changes following 
exposure; (3) to measure tissue concentrations of Corexit® and PAHs in exposed oysters; and (4) 
to evaluate relationships between exposures and sub-lethal effects. 
 
2.3. Materials and Methods 
2.3.1. Materials 
Phorbol-12-myristate-13-acetate (PMA) was obtained from Sigma-Aldrich (St. Louis, 
MO).  2’7’-dichlorofluorescein diacetate (DCFH-DA) was purchased from Molecular Probes 
(Thermo Fisher Scientific, Waltham, MA).  Corexit® 9500 was provided by Nalco.  Louisiana 
sweet crude oil (surrogate; SO-20111116-MPDF-003) was supplied by British Petroleum.  
Eastern oysters (C. virginica) were purchased from the Noank Aquaculture Cooperative (Noank, 
CT), Cornell Cooperative Extension (Riverhead, NY), or Grossman’s Seafood (Groton, CT).  
 
2.3.2. HEWAF/CEWAF preparation 
HEWAF was prepared as previously described (Incardona et al., 2013), and has been 
demonstrated to produce a chemical composition more similar to whole oil than traditional WAF 
methods can generate (Sandoval et al., 2017).  In brief, LSC oil was mixed with artificial 
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seawater (Instant Ocean®, Blacksburg, VA) with a salinity of 33 ppt in a Waring CB15 high-
speed commercial blender (Torrington, CT) at 1 g oil/L seawater for 1 min.  After blending, the 
mixture was poured into a glass carboy and allowed to settle for 1 h.  A peristaltic pump was 
used to collect HEWAF from the carboy, avoiding the oil-water interface.  Direct dilutions of 
HEWAF in artificial seawater were made to reach final exposure concentrations.  Preparation of 
CEWAF was performed following similar methods.  Briefly, LSC oil was mixed with artificial 
seawater in a blender at 1 g oil/L seawater and mixed for 1 min, then poured into a glass carboy.  
Corexit® was then applied at a 1:10 dispersant to oil ratio, the standard recommendation for 
dispersant toxicity testing (Barron and Ka’aihue, 2003), and mixed on medium speed on a 
magnetic stir plate for 1 h.  Medium speed generated a 25% vortex of the solution (the bottom 
25% of the volume was in a vortex, while the top 75% of the volume was not), so as to allow 
insoluble components of oil to rise to the top and create an oil/water interface.  After mixing, it 
was allowed to settle for 1 h, collected using a peristaltic pump avoiding the oil-water interface, 
and used for direct dilutions. A sample of each HEWAF and CEWAF preparation (500 ml per 
experiment) was analyzed for chemical composition (see below). 
 For stock HEWAF, preparations ranged between 80 and 175 ng/mL total PAHs (tPAHs), 
averaging 120 ng/mL.  From this average, nominal dilutions were converted to measured 
concentrations (e.g., 25% dilution of HEWAF was approximately 30 ng/mL tPAHs).  For stock 
CEWAF, preparations ranged between 78 and 104 ng/mL tPAHs, averaging 93 ng/mL.  From 
this average, nominal dilutions were converted to measured concentrations (e.g., 25% dilution of 
CEWAF was approximately 23 ng/mL tPAHs). 
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2.3.3. Experimental design: immune functions, histopathology, chemical analyses 
 Oysters were housed in an 870 L recirculating holding tank (Marine Biotechnology Inc., 
Beverly, MA) filled with Instant Ocean® artificial seawater with a salinity of 33 ppt and 
maintained at 18°C.  Oysters were fed approximately 20 mL of Instant Algae® Pavlova 1800 
(Reed Mariculture, Campbell, CA), a highly concentrated phytoplankton containing nutritious, 
but non-viable cells (ca. 5 μm; approximately 66 billion cells), twice weekly during housing. 
Oysters (10-15 cm in shell height) were exposed to Corexit®, HEWAF, or CEWAF in 
static 75 L tanks filled with 37.85 L of aerated artificial seawater at a salinity of 33 ppt and 
temperature of 18 °C for 1, 3, or 7 days.  The appropriate concentration of Corexit®, HEWAF, 
or CEWAF was added to each tank once on day 0, and tank water was not changed during the 
experiment.  HEWAF and CEWAF stock preparations were diluted to 1.6%, 3.1%, 6.3%, 12.5%, 
and 25% in experimental tanks immediately after preparation.  Five oysters were placed into 
each tank (1 oyster per 7.6 L of water), and the experiments were replicated three times (total of 
n=15 oysters total per concentration) for each exposure time, unless specified otherwise.  Oysters 
were fed 1 mL of Instant Algae® Pavlova 1800 per tank (approximately 3.3 billion cells) each 
day of the experiment.  At the end of each exposure, oyster hemolymph was extracted from the 
adductor muscle sinus using a 3-mL syringe and 16-gauge needle.  After the collection of 
hemolymph, all oyster soft tissue was removed and preserved in 10% neutral-buffered formalin 
for histopathological analysis or frozen and stored at -20 °C for analysis of tissue concentration 
of dioctyl sulfosuccinate (DOSS; sodium 1,4-bis(2-ethylhexoxy)-1,4-dioxobutane-2-sulfonate), 
the main component of Corexit® 9500, and tPAHs. 
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2.3.4. Immune functions 
Phagocytosis and respiratory burst assays were performed as previously described 
(Goedken and De Guise, 2004).  Briefly, to measure phagocytosis, hemolymph was mixed with 
artificial seawater (Sigma-Aldrich, St. Louis, MO), incubated with 1-μm fluorescent latex beads 
(Molecular Probes, Thermo Fisher Scientific, Waltham, MA) for 1 h with agitation at 300 rpm 
(Thermomixer R, Eppendorf, Hauppauge, NY), and fixed with 1% neutral-buffered formalin.  To 
measure respiratory burst, aliquots of hemolymph were diluted 1:5 in ice cold artificial seawater, 
incubated on ice for 30 min with 5 μM 2’,7’-dichlorofluorescin diacetate (DCFH-DA, Sigma-
Aldrich, St. Louis, MO), a pro-fluorescent probe that binds specifically to H2O2, and then 
washed with artificial seawater.  Hemolymph was further incubated with 0 nM (control) or 16.6 
nM phorbol 12-myristate 13-acetate (PMA, Sigma-Aldrich, St. Louis, MO), a non-specific 
activator of the respiratory burst, on ice for 1 h and then fixed in neutral-buffered formalin (final 
concentration of 1%). 
 
2.3.5. Flow cytometry 
Oyster granulocytes were distinguished based on forward scatter (FSC; relative size) and 
side scatter (SSC; relative complexity) parameters using a Becton Dickinson FACScan© flow 
cytometer (Becton Dickinson Immunocytometry Systems, Franklin Lakes, NJ), as previously 
described (Goedken and De Guise, 2004).  Cell fluorescence was quantified using Cell Quest© 
software (Becton Dickinson Immunocytometry Systems, Franklin Lakes, NJ).  Phagocytosis was 
measured as the percent of cells that phagocytized fluorescent latex beads (Goedken and De 
Guise, 2004) (Figure 1A).  Respiratory burst was measured as the ratio of the fluorescence of 
PMA-stimulated cells to that of unstimulated cells (Goedken and De Guise, 2004) (Figure 2A). 
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 2.3.6. Chemical analyses 
A sample of each HEWAF and CEWAF preparation was kept for chemical analysis by 
gas chromatography/mass spectroscopy (GC/MS) to precisely determine the PAH composition.  
Composite tissue samples were generated for each exposure concentration and duration (e.g. 3 
day exposure to 27 mg/l Corexit®) by pooling 2 oysters per tank for each of the three replicate 
exposures, for a total of 6 oysters per composite.  Composite tissue samples were analyzed for 
the major formula component of Corexit® (DOSS) as well as tPAHs.  Samples were analyzed 
for DOSS by ultra-performance liquid chromatography-tandem mass spectrometry (UPLC-
MS/MS) (Flurer et al., 2010; Yeudakimau et al., 2014).  Oyster tissues were extracted using the 
QuEChERs (Quick, Easy, Cheap, Effective, Rugged, and Safe) method in water, followed by the 
addition of acetonitrile, clean-up with magnesium sulfate and sodium acetate, and centrifugation.  
Extracts were then analyzed by UPLC-MS/MS.  Oyster tissues were prepared for tPAH analysis 
using the same method as for the Corexit® analysis; however, they were analyzed using gas 
chromatography/tandem mass spectrometry (Johnson, 2012).  All chemical analyses were 
performed at the University of Connecticut Center for Engineering and Environmental Science 
(Storrs, CT). 
 
2.3.7. Histopathology 
To assess histopathological changes, including inflammation, necrosis, and hyperplasia, 
formalin-fixed oyster tissues were sectioned, paraffin-embedded, and stained with hematoxylin 
and eosin (Howard et al., 2004).  Standard whole body cross sections, as well as an additional 
section containing the kidney and adductor muscle, were prepared from each oyster.  Sections 
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included the tissues of the gastrointestinal, excretory, respiratory, reproductive, cardiac, and 
neural systems (Howard et al., 2004).  Histological lesions, if present, were described, 
photographed, and scored as mild, moderate, or severe (Lyons et al., 2006). 
 
2.3.8. Experimental design: clearance rates 
The rate of removal of phytoplankton (Tetraselmis sp.) by oysters, i.e. clearance rates, 
was measured as a proxy for physiological function of the gill (Ward et al., 1992).  Briefly, 
oysters (4-6 cm in shell height) were secured to glass rods and positioned in the middle of 
individual 1 L glass containers filled with artificial seawater (33 ppt), a suspension of 
Tetraselmis phytoplankton (ca. 12 μm; final concentration approximately 20,000 cells/ml), and 
either Corexit®, HEWAF, or CEWAF at one of several concentrations.  HEWAF and CEWAF 
stock preparations were prepared as described above and diluted to 0.8%, 1.6%, 3.1%, 6.3%, 
12.5%, and 25% in the experimental containers.  A stir bar was added to each container to 
provide mixing and to prevent settling of phytoplankton.  Water samples of 20 mL were taken 
immediately after an oyster showed signs of feeding, and then every 10 min for 1 h.  
Phytoplankton concentration was measured using an electronic particle counter (Coulter 
Multisizer II, Beckman Coulter, Indianapolis, IN).  The lower and upper thresholds for particle 
counts were set to ca. 7 µm and 16 µm, respectively, and encompassed the lower and upper cell 
size of Tetraselmis.  Using this narrow size range greatly decreased error associated with 
counting micelles that formed from Corexit® and oil, which preliminary experiments confirmed 
were < 6.5 µm in diameter.  Control containers (no oyster) were maintained and sampled in 
parallel to control for Tetraselmis cell division and settling.  Following exposures, oyster tissues 
were removed and dried to a constant weight at 70 °C.  Clearance rates were calculated using 
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standard methods and standardized to 0.5 g dry tissue mass (Coughlan, 1969). 
 
2.3.9. EC50 and LOAEL values 
For immune and clearance rate assays, concentration-response curves were generated by 
plotting the response of the treatment groups as a percentage of that of the unexposed control 
group.  A polynomial curve was then fit using Microsoft Excel, and the concentration of 
Corexit®, HEWAF, or CEWAF that induced a 50% effect, either a decrease or an increase, was 
calculated.  Lowest observed adverse effect levels (LOAELs), the lowest concentration with 
statistically significant effects, were also calculated for each endpoint. 
 
2.3.10. Statistics 
 In order to assess variation between repeated experiments, coefficient of variation (CV) 
analyses were performed and CV values are presented in figure legends.  Differences in oyster 
immune function and clearance rates among exposure concentrations were analyzed using a one-
way Analysis of Variance (ANOVA) with Dunnett’s post-hoc test (exposures versus unexposed 
control).  A one-way ANOVA on Ranks was used when data were not normally distributed.  
Differences in histopathological scores among Corexit®, HEWAF, or CEWAF concentrations 
were determined using a non-parametric rank sum test to determine if lesion and inflammation 
scores of exposed oysters were significantly different from the unexposed oysters.  Correlation 
analyses were performed using Pearson Product Moment Correlation.  All statistical tests were 
performed with SigmaStat 3.5 (Systat Software, San Jose, CA), using an alpha level of 0.05 for 
statistical significance. 
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2.4. Results 
2.4.1. Immune functions 
No significant changes in phagocytosis were detected following 1, 3, or 7 day exposures 
to Corexit® or HEWAF (Figure S1A-F).  Moreover, there were no significant changes in 
phagocytosis following a 1 day exposure to CEWAF (Figure S1G).  However, a significant 
increase in granulocyte phagocytosis was detected after 3 day exposure to the three highest 
concentrations of CEWAF (5.9, 11.6, and 23.3 ng/mL tPAHs, p<0.001, Figure 1B).  
Additionally, a significant increase in granulocyte phagocytosis was detected following 7 day 
exposure to the two highest concentrations of CEWAF (11.6 and 23.3 ng/mL tPAHs, p=0.033, 
Figure 1C). 
Following 3 day exposure to 18, 27, 36, and 45 mg/L Corexit®, there was a significant 
reduction in granulocyte respiratory burst (p<0.0001, Figure 2B).  To assess whether the 
decrease in respiratory burst was a result of altered basal production of reactive oxygen species 
(ROS), rather than a diminished ability to respond to stimulation, fluorescence of unstimulated 
(no PMA) granulocytes was also analyzed.  Following 3 days of exposure to 18, 27, and 36 mg/l 
Corexit®, unstimulated granulocytes had significantly increased basal ROS production 
compared to 0 mg/L control (p=0.002, Figure 2C).   
Exposure to HEWAF did not significantly affect respiratory burst following 1, 3, or 7 
days of exposure (Figure S2D-F).  Granulocyte respiratory burst was significantly increased 
following 3 day exposure to the highest concentration of CEWAF (p=0.023, Figure 2D).  In 
analyzing fluorescence of unstimulated granulocytes, it was determined that the highest 
concentration of CEWAF (23 ng/ml tPAH) decreased basal ROS production by 40%, though the 
decrease was not statistically significant (Figure 2E).  
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2.4.2. Clearance rates 
 Corexit® exposure significantly reduced oyster clearance rates at concentrations of 9, 18, 
27, 36, and 45 mg/L (p=0.004, Figure 3A).  Clearance rates were also significantly reduced upon 
exposure to HEWAF concentrations of 1.9 to 30 ng/mL tPAHs. (p<0.001, Figure 3B).  
Furthermore, CEWAF concentrations of 1 to 23 ng/ml tPAHs significantly reduced oyster 
clearance rates (p<0.001, Figure 3C). 
 
2.4.3. Tissue PAH and DOSS concentrations 
Concentrations of DOSS, the major formula component of Corexit®, in oyster tissue 
rapidly equilibrated with tank water concentrations at 9 and 18 mg/L after 1 day of exposure, at 
which point they reached a plateau at 27 and 45 mg/L and decreased at 36 mg/L (Figure 4A).  
Tissue concentrations of DOSS were generally close to water concentrations after 3 days of 
Corexit® exposure.  DOSS was not detected in oysters following 7 days of exposure to 
Corexit®. 
Following exposure to HEWAF, tissue concentrations of tPAHs increased with 
increasing seawater concentrations at day 1, though they appeared to somewhat plateau at higher 
concentrations at day 3, and were variable at day 7 (Figure 4B). 
Following exposure to CEWAF, tissue concentrations of DOSS tended to increase with 
increasing CEWAF exposure at day 1 (Figure 4C).  At day 3, DOSS was detected only in oysters 
exposed to CEWAF concentrations of 6.3 and 25 mg/L Corexit®.  DOSS was not detected in 
oyster tissue at day 7.  Total PAH concentrations in tissues following CEWAF exposure tended 
to increase with increasing concentration at day 1, and was variable at day 3, as an increase in 
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CEWAF exposure did not result in an increase in tPAHs (Figure 4D).  After 7 days of exposure, 
PAH were detected only in oysters exposed to 5.8 ng/mL CEWAF and higher. 
 
2.4.4. Histopathology 
Exposures to Corexit®, HEWAF, or CEWAF did not result in statistically significant 
changes in inflammation in the gill (Figure S3), digestive gland (Figure S4), stomach, intestine, 
mantle, connective tissue, heart, kidney, adductor muscle, or gonad (data not shown). 
 
2.4.5. EC50 and LOAEL values 
The EC50 and LOAEL values are summarized in Tables 1 and 2, respectively. Using 
LOAEL, respiratory burst appeared more sensitive than phagocytosis to the effects of Corexit®, 
and phagocytosis appeared more sensitive than respiratory burst to the effects of CEWAF. 
Clearance rates appeared more sensitive to the effects of Corexit®, HEWAF, and CEWAF than 
phagocytosis and respiratory burst, regardless of whether EC50 or LOAEL were considered.   
 
2.4.6. Correlation analysis 
Correlation analyses were performed to quantify the relationship between exposure and 
statistically significant physiological effects (Table 3).  Granulocyte phagocytosis had a 
significant positive correlation with CEWAF concentrations in seawater (r=0.899).  Granulocyte 
respiratory burst had a significant negative correlation with Corexit® concentrations in seawater 
(r=-0.980) and DOSS concentrations in tissues (r=-0.988) following 3 day exposures.  
Granulocyte respiratory burst also had a significant positive correlation with CEWAF 
concentrations in seawater (r=0.968) and DOSS concentrations in tissue (r=0.974), but not tissue 
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tPAH concentrations following 3 days of exposure. Clearance rates of oysters had a significant 
negative correlation with Corexit® concentrations in seawater (r=-0.993), though clearance rates 
were not significantly correlated with HEWAF or CEWAF within the range of concentrations 
tested. 
 
2.5. Discussion 
This is the first study to describe and compare the sub-lethal effects of Corexit® 9500, 
oil, and dispersed oil on immune and physiological functions in eastern oysters.  Data from these 
experiments revealed that eastern oysters have different sensitivities to Corexit®, HEWAF, and 
CEWAF exposures.  
Granulocyte phagocytosis increased following CEWAF exposure (Figure 1), but was not 
affected by HEWAF or Corexit® alone, suggesting that granulocyte phagocytosis was more 
sensitive to the combined effects of oil and dispersant than either exposure individually.  Oil and 
dispersant mixtures have previously been shown to increase hemocyte phagocytosis in bivalves 
(Hamoutene et al., 2004).  Hamoutene et al. reported an increase in hemocyte phagocytosis 
following 4 day exposure of marine mussels, Mytilus edulis, to a mixture of diesel water soluble 
fraction and Corexit® 9527 (2004).  Chemically dispersed oil has been shown to be considerably 
more toxic than dispersant alone (Barron and Ka’aihue, 2003), and chemical dispersion of oil has 
the potential to increase exposure to oil components (George-Ares and Clark, 2000).  An 
increase in phagocytosis following CEWAF exposure could result in negative health effects in 
oysters, including oxidative stress.  Additionally, an increase in phagocytosis during exposure 
could increase uptake of toxic components of dispersed oil, which could affect cellular processes 
or cause DNA damage (Donaghy et al., 2010). 
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Granulocyte respiratory burst decreased following Corexit® exposure, was unaffected by 
HEWAF exposure, and increased following exposure to the highest concentration of CEWAF, 
revealing differences in oyster sensitivities to the different contaminants. ROS production 
without stimulation by PMA indicated that basal ROS generation was increased by Corexit® 
exposure.  This finding supports a growing body of evidence that Corexit® exposure increases 
oxidative stress.  Several studies have demonstrated that in vitro exposure to Corexit® can 
induce oxidative stress through increased generation of ROS in human cell lines (Bandele et al., 
2012; Li et al., 2015; Shi et al., 2013), a rat neuronal cell line (Zheng et al., 2014), and zebrafish 
gill cells (Li et al., 2015).  Additionally, it has previously been shown by Dasgupta et al. that 96-
hour in vivo exposures to 40 mg/L Corexit® as well as 0.06 and 6 mg/L DOSS, the main formula 
component of Corexit®, result in a statistically significant increase in intracellular ROS in 
sheepshead minnow larvae (2018).  An increase in basal ROS production in the hemocyte could 
cause lipid peroxidation, oxidative stress, enzyme inactivation, and DNA damage (Kehrer, 
1993), and could lead to apoptosis or necrosis (Dasgupta et al., 2018).  Whereas the data clearly 
indicate that basal ROS production is increased following Corexit® exposure, it is also possible 
that ROS generation is altered upon stimulation, as evidenced by the 45 mg/L exposure that 
produced a decreased respiratory burst, but no significant reduction in basal ROS. 
Alternatively, the increase in respiratory burst following exposure to the highest 
concentration of CEWAF (23.3 ng/mL tPAH) also could be a result of lower (although not 
statistically significant) basal ROS production by the unstimulated granulocytes.  However, it is 
possible that an increased response to stimulation also contributes to the increased respiratory 
burst.  These data highlight the differing effects of dispersant with or without dispersed oil on 
basal ROS production in oyster hemocytes.  A decrease in basal ROS production following oil 
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exposure has previously been demonstrated in field studies of bivalves, including mussels 
(Dyrynda et al., 2000) and Pacific oysters (Crassostrea gigas) (Ludovic Donaghy, 2010).  To the 
authors’ knowledge, this is the first study to report that dispersant and CEWAF exposures can 
modulate respiratory burst function in eastern oysters. 
Clearance rates of Tetraselmis sp. by the oysters significantly decreased following 
exposure to Corexit®, HEWAF, and CEWAF, though the magnitude of change was most 
pronounced with CEWAF.  As oysters are filter-feeders, prolonged periods of reduced feeding 
rates could affect the growth of oysters.  As mentioned previously, water filtration by oysters 
performs several ecosystem services, including removing phytoplankton, producing biodeposits, 
cycling dissolved nutrients, and converting particulate matter into biomass that can be used by 
higher trophic levels (Dame, 1993; Newell, 2004; Prins et al., 1997).  Therefore, a decrease in 
oyster filtration rate has the potential to disturb the environment around affected oyster beds, 
alter the food web and change species diversity (Coen et al., 2007; Scarlett et al., 2011).  This 
scenario is particularly plausible because clearance rates were the most sensitive physiological 
outcome upon exposure to dispersed oil (the most toxic), oil alone, and dispersant alone (the 
least toxic), in terms of concentrations at which effects were observed, as well as magnitude of 
the effects.  
The present study is the first to compare the effects of dispersant, oil, and dispersed oil on 
oyster clearance rates, although others have demonstrated the ability of PAHs to inhibit clearance 
rate in bivalves.  Vignier et al. reported that in vivo exposure to HEWAF reduces clearance rates 
of the microalgae Tisochrysis lutea in juvenile eastern oysters (2015).  Additionally, Scarlett et 
al. demonstrated that in vivo exposure of mussels to a mixture of alkylnaphthalenes, major 
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components of oil water accommodated fractions, resulted in a 70% reduction in clearance rate 
of the alga Isochrysis galbana (2011).  
Concentrations of DOSS in oyster tissues following 1 day of Corexit® exposure indicate 
that oysters could quickly take up Corexit® from the water at the lowest exposure 
concentrations. The plateau in DOSS tissue levels at higher Corexit® concentrations is likely a 
result of reduced filtration rates at these concentrations.  DOSS was not detected in oyster tissue 
following 7-day exposure to Corexit®, suggesting elimination or breakdown of Corexit® by the 
oysters.  Additionally, previous studies have shown that DOSS is quickly biodegraded in 
seawater, regardless of the presence or absence of oil components (Campo et al., 2013).  As 
mentioned previously, chemical dispersion of oil can increase exposure of subsurface aquatic 
species, such as oysters, to dispersed oil components (George-Ares and Clark, 2000).  For 
example, chemical dispersion of oil increased the uptake of PAHs in Pacific oysters following 2 
day in vivo exposure (Luna-Acosta et al., 2011).  Our data suggests that chemical dispersion of 
oil (CEWAF) increased the exposure of oysters to oil PAH, at least at the lower end of the range 
of concentrations tested (Figure 4D). 
Following HEWAF exposure, tissue concentrations of tPAHs increased with increasing 
seawater concentrations at day 1, and appeared to somewhat saturate at higher concentrations 
following 3 and 7 days of exposure, reflecting the potential for adsorption to tank walls or 
metabolism by the oysters.  A recent study showed that eastern oysters deployed along the Gulf 
of Mexico coast during and after active oiling expressed genes responsible for phase I and phase 
II metabolism of xenobiotics, including aryl hydrocarbon receptor-related genes (Jenny et al., 
2016), providing evidence of an active response to hydrocarbon exposure.  These data suggest 
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that metabolism of PAH by eastern oysters is not only possible, but likely to have occurred in the 
Gulf of Mexico during the DWH incident and in this laboratory study. 
While DOSS was detected in oysters exposed to all concentrations of CEWAF following 
1 day of exposure, at day 3 DOSS was either not detectable or more than 10-fold lower than the 
same CEWAF concentration at day 1.  This finding suggests that Corexit® was eliminated or 
metabolized by oysters during the longer exposure time. As was the case upon exposure to 
Corexit® alone, DOSS was not detected in oysters following 7 days of exposure, again 
suggesting elimination or metabolism of Corexit® by the oysters.  When comparing DOSS 
concentration in oyster tissues following 1, 3, and 7 day exposures to CEWAF at 25 mg/L 
Corexit®, it was evident that extensive elimination or metabolism of Corexit® was occurring 
after the first 24 hours of exposure.  A comparison of DOSS tissue concentrations following 
exposure to CEWAF and Corexit® alone (Figure 4A and 4C) shows that DOSS levels are 
dramatically higher following exposure to Corexit® alone, suggesting the possibility of an 
accelerated metabolism or elimination of DOSS in the presence of dispersed oil (CEWAF).  
Total PAH tissue concentrations following CEWAF exposure revealed high variability and low, 
if any, association between water and tissue concentrations.  These data suggest that neither 
duration of exposure nor concentration was a good predictor of tPAHs concentration in oyster 
tissues.  In general, PAH concentrations in the tissues of oysters were higher following CEWAF 
exposure than following exposure to the similar concentration of tPAH in HEWAF, especially at 
the lower seawater tPAH concentrations.  These results suggest that chemical dispersion of the 
oil increased uptake of PAHs by the oysters.  Furthermore, in contrast to HEWAF exposure, the 
levels of tPAHs in tissues following 3 and 7 day exposure to CEWAF at high concentrations 
suggests that either the presence of Corexit® reduces the metabolism or elimination of PAH, or 
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that increased absorption in the presence of Corexit® exceeds the rate of metabolism or 
elimination. 
Our experiments have shown that subtle, sub-lethal effects on clearance rates and 
immune functions occur following exposure to Corexit®, HEWAF, and CEWAF.  Importantly, 
clearance rate was the most sensitive physiological function tested, and the combination of oil 
and dispersant appeared to potentially modify the dynamics of absorption, metabolism, and 
excretion, and physiological effects of Corexit® and PAHs.  Given that oysters are immensely 
important to the ecology and economy of the Gulf of Mexico, any chemical that poses a threat to 
oyster health should be of serious concern.  Data from this study can be used for more accurate 
risk assessment concerning the impact of oil and Corexit® on the health of oysters, and to make 
informed decisions regarding the use of chemical dispersants in future oil spills. 
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2.7. Tables and Figures 
 
Table 1.  Effective concentration 50% (EC50) values of Corexit®, HEWAF, and CEWAF on 
immune and physiological endpoints of eastern oysters. 
aConcentrations are in mg/L 
bConcentrations are in ng/mL tPAHs 
HEWAF = High-energy water accommodated fraction; CEWAF = chemically-enhanced water 
accommodated fraction 
 
 
Assay Corexit®a HEWAFb CEWAFb 
Phagocytosis > 45 > 30 > 23.3 
Respiratory Burst 25.2 > 30 > 23.3 
Clearance Rates 11.7 3.5 1.2 
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Table 2.  Lowest observed adverse effect level (LOAEL) values of Corexit®, HEWAF, and 
CEWAF on immune and physiological endpoints of eastern oysters. 
aConcentrations are in mg/L 
bConcentrations are in ng/mL tPAHs 
HEWAF = High-energy water accommodated fraction; CEWAF = chemically-enhanced water 
accommodated fraction 
 
 
 
  
Assay Corexita HEWAFb CEWAFb 
Phagocytosis > 45 > 30 5.9 
Respiratory Burst 18 > 30 > 23.3 
Clearance Rates 18 1.9 0.7 
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Table 3.  Correlation between seawater exposure concentration or tissue concentration and 
statistically significant physiological endpoints. 
aSeawater concentration 
bMeasured concentration in oyster tissue 
cCorrelation coefficient 
* p < 0.05, using Pearson Product Moment Correlation. 
DOSS = dioctyl sodium sulfosuccinate; tPAHs = total polycyclic aromatic hydrocarbons; 
HEWAF = high-energy water accommodated fraction; CEWAF = chemically-enhanced water 
accommodated fraction 
 
Exposure Assay Seawater
a Tissue DOSSb Tissue tPAHsb 
rc r r 
Corexit 
Phagocytosis    
Respiratory Burst -0.980* -0.988*  
Clearance Rate -0.993*   
HEWAF 
Phagocytosis    
Respiratory Burst    
Clearance Rate -0.790   
CEWAF 
Phagocytosis 0.899*  0.852 
Respiratory Burst 0.968* 0.974* 0.470 
Clearance Rate -0.681   
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Figure 1.  Phagocytosis activity of oyster granulocyte following in vivo exposure. (A) 
Representative phagocytosis fluorescence histogram of oyster granulocytes incubated with 
fluorescent beads. (B) Effects of 3 d CEWAF exposures on granulocyte phagocytosis of 3 or 
more beads (n=15, CV=8%). (C) Effects of 7 d CEWAF exposures on granulocyte phagocytosis 
of 3 or more beads (n=15, CV=8%). Results presented in B and C are expressed as mean ± SD. * 
Indicates significant difference between the control (0 ng/ml) and experimental mean using one-
way ANOVA with Dunnett’s test (p<0.05).  CEWAF = chemically-enhanced water 
accommodated fraction; CV = coefficient of variation. 
  
 
 
 
44 
  
100 101 102 103 104
0
20
40
60
80
100
FL1-H
C
ou
nt
s
Unstimulated PMA
B
A
0 10 20 30 40 50
0
1
2
3
4
Corexit® (mg/l)
PM
A
/U
nstim
ulated R
atio
*
* * *
0 5 10 15 20 25
0.0
0.5
1.0
1.5
2.0
2.5
CEWAF (ng/ml tPAH)
PM
A
/U
nstim
ulated R
atio
*
0 10 20 30 40 50
0
50
100
150
200
Corexit® (mg/l)
Fluorescence (a.u.)
*
**
0 5 10 15 20 25
0
50
100
150
200
CEWAF (ng/ml tPAH)
Fluorescence (a.u.)
C
D E
 
 
 
45 
Figure 2.  Respiratory burst of oyster granulocytes following in vivo exposure. (A) 
Representative respiratory burst fluorescence histogram of oyster granulocytes incubated with 
(green) or without (purple) PMA, a non-specific activator of the respiratory burst. (B) Effects of 
3 d Corexit® exposures on granulocyte respiratory burst (n=10, CV=32%). (C) Effects of 3 d 
Corexit® exposures on the fluorescence of unstimulated granulocytes (n=10, CV =15%). (D) 
Effects of 3 d CEWAF exposures on granulocyte respiratory burst (n=15, CV=9%). (E) Effects 
of 3 d CEWAF exposures on the fluorescence of unstimulated granulocytes (n=15, CV=27%).  
Results presented in B – E are expressed as mean ± SD.  * Indicates significant difference 
between the control (0 mg/l or 0 ng/ml) and experimental mean using one-way ANOVA with 
Dunnett’s test (p<0.05).  PMA = phorbol myristate acetate; CEWAF = chemically-enhanced 
water accommodated fraction; CV = coefficient of variation.  
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Figure 3.  Clearance rates of oysters during in vivo exposure. (A) Effects of Corexit® exposures 
on clearance rates (n≥7). (B) Effects of HEWAF exposures on clearance rates (n≥6). (C) Effects 
of CEWAF exposures on clearance rates (n≥7).  Data were normalized to 0.5 g dry tissue weight.  
Results presented in A-C are expressed as mean ± SD. * Indicates significant difference between 
the control (0 mg/l or 0 ng/ml) and experimental mean using one-way ANOVA with Dunnett’s 
test (p<0.05).  HEWAF = high-energy water accommodated fraction; CEWAF = chemically-
enhanced water accommodated fraction. 
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Figure 4.  Concentrations of DOSS or total polycyclic aromatic hydrocarbons (tPAHs) in oyster 
tissues following in vivo Corexit®, HEWAF, and CEWAF exposures. (A) Concentrations of 
DOSS following Corexit exposures. (B) Concentrations of total PAH following HEWAF 
exposures. (C) Concentrations of DOSS and (D) tPAHs following CEWAF exposures.  Results 
are expressed as mean values.  DOSS = dioctyl sodium sulfosuccinate; HEWAF = high-energy 
water accommodated fraction; CEWAF = chemically-enhanced water accommodated fraction. 
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2.8. Supplemental Figures  
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Figure S1.  Phagocytosis activity of oyster granulocyte following in vivo exposure. (A-C) 
Phagocytosis activity in oysters exposed to Corexit® for (A) 1 day (n=20, CV=27%), (B) 3 days 
(n=10, CV=7%) , or (C) 7 days (n=15, CV=15%).  (D-F) Phagocytosis activity in oysters 
exposed to HEWAF for (D) 1 d (n=15, CV=26%), (E) 3 d (n=15, CV=32%), or (F) 7 d (n=10, 
CV=10%).  (G-I) Phagocytosis activity in oysters exposed to CEWAF for (G) 1 d (n=15, 
CV=14%), (H) 3 d (n=15, CV=8%), or (I) 7 d (n=15, CV=8%).  Results are expressed as mean ± 
SD.  * indicates significant difference between the control (0 mg/l or 0 ng/ml) and experimental 
mean (p<0.05; Dunnett’s test). HEWAF = high-energy water accommodated fraction; CEWAF = 
chemically-enhanced water accommodated fraction; CV = coefficient of variation; tPAHs = total 
polycyclic aromatic hydrocarbons 
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Figure S2.  Respiratory burst of oyster granulocytes following in vivo exposure.  (A-C) 
Respiratory burst activity in oysters exposed to Corexit® for (A) 1 d (n=20, CV=28%), (B) 3 d 
(n=10, CV=32%) , or (C) 7 d (n=15, CV=13%).  (D-F) Respiratory burst activity in oysters 
exposed to HEWAF for (D) 1 d (n=15, CV=8%), (E) 3 d (n=15, CV=12%), or (F) 7 d (n=10, CV 
=6%).  (G-I) Respiratory burst activity in oysters exposed to CEWAF for (G) 1 day (n=15, 
CV=8%), (H) 3 days (n=15, CV=9%), or (I) 7 days (n=15, CV=11%).  Results are expressed as 
mean ± SD.  * indicates significant difference between the control (0 mg/l or 0 ng/ml) and 
experimental mean (p<0.05; Dunnett’s test). HEWAF = high-energy water accommodated 
fraction; CEWAF = chemically-enhanced water accommodated fraction; CV = coefficient of 
variation; tPAHs = total polycyclic aromatic hydrocarbons 
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Figure S3.  Inflammation scores of oyster gills.  (A-C) Gill inflammation in oysters exposed to 
Corexit® for (A) 1 d, (B) 3 d, or (C) 7 d.  (D-F) Gill inflammation in oysters exposed to 
HEWAF for (D) 1 d, (E) 3 d, or (F) 7 d.  (G-I) Gill inflammation in oysters exposed to CEWAF 
for (G) 1 d, (H) 3 d, or (I) 7 d.  N=5 for each experiment.  No statistically significant differences 
in histopathological scores were detected using a non-parametric rank sum test.  HEWAF = high-
energy water accommodated fraction; CEWAF = chemically-enhanced water accommodated 
fraction; tPAHs = total polycyclic aromatic hydrocarbons 
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Figure S4.  Inflammation scores of oyster digestive gland.  (A-C) Digestive gland inflammation 
in oysters exposed to Corexit® for (A) 1 d, (B) 3 d, or (C) 7 d.  (D-F) Digestive gland 
inflammation in oysters exposed to HEWAF for (D) 1 d, (E) 3 d, or (F) 7 d.  (G-I) Digestive 
gland inflammation in oysters exposed to CEWAF for (G) 1 d, (H) 3 d, or (I) 7 d.  N=5 for each 
experiment.  No statistically significant differences in histopathological scores were detected 
using a non-parametric rank sum test.  HEWAF = high-energy water accommodated fraction; 
CEWAF = chemically-enhanced water accommodated fraction; tPAHs = total polycyclic 
aromatic hydrocarbons 
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3.1. Abstract 
The Deepwater Horizon (DWH) oil spill resulted in the release of over 640 million liters of 
crude oil into the Gulf of Mexico (GOM), affecting over 2,000 kilometers of shoreline, including 
estuaries that serve as important habitats and nurseries for aquatic species.  Cyprinodon 
variegatus (sheepshead minnow; SHM) are small-bodied fish that inhabit northern GOM 
estuaries, are easily adaptable to laboratory conditions, and are commonly used in toxicological 
assessment studies.  The purpose of the present study was to determine the somatic, 
reproductive, and developmental effects of an environmentally relevant polycyclic aromatic 
hydrocarbon (PAH) mixture, the oil high-energy water accommodated fraction (HEWAF), on 
experimentally exposed SHM (F0), as well as two generations of offspring (F1 and F2) without 
additional exposure.  F0 exposed to HEWAF had increased liver somatic indices, altered egg 
production, and decreased fertilization.  Several developmental endpoints in the F1 were altered 
by F0 HEWAF exposure.  As adults, low-HEWAF exposed F1 females demonstrated decreased 
weight and length.  Both the F1 and F2 generations derived from high HEWAF-exposed F0 had 
deficits in prey capture, as compared to control F1 and F2, respectively.  Correlations between 
endpoints and tissue PAHs provide evidence that the physiological effects observed were 
associated with hydrocarbon exposure.  These data demonstrate that PAHs were capable of 
causing physiological changes in exposed adult SHM and transgenerational effects in unexposed 
offspring, both of which could have population level consequences. 
 
Keywords: Sheepshead minnow; Cyprinodon variegatus; Deepwater Horizon Oil Spill; 
HEWAF; polycyclic aromatic hydrocarbons (PAHs); aquatic toxicology; transgenerational 
toxicity  
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3.2. Introduction 
The explosion of the Deepwater Horizon (DWH) oil exploration platform on April 20, 
2010 initiated the release of approximately 640 million liters of crude oil into the Gulf of Mexico 
(GOM), creating oil slicks that covered more than 100,000 km2 of the ocean surface (Beyer et 
al., 2016).  More than 2,000 km of shoreline were affected, including estuaries that serve as 
important habitats and nurseries for aquatic species (Beyer et al., 2016).  By the time the 
wellhead was officially sealed on September 19, 2010, an estimated 1.7 x 1011 g of C1-C5 
hydrocarbons were released into GOM waters (Reddy et al., 2012), reaching shorelines along the 
coasts of Texas, Louisiana, Mississippi, Alabama, and Florida (Nixon et al., 2016). 
Polycyclic aromatic hydrocarbons (PAHs) are organic pollutants of particular concern in 
oil spills due to their toxicity and carcinogenicity in humans and wildlife (Allan et al., 2012).  
PAHs enter marine environments through oil spills and combustion of fossil fuels (Walker et al., 
2012).  PAH structure and molecular size determine both their toxicity and bioavailability in the 
water column.  Smaller and lighter PAHs are more water-soluble and therefore more readily 
taken up by marine organisms through the gills or the digestive tract (Hylland, 2006; Walker et 
al., 2012).  Heavier PAHs are less soluble and tend to partition into lipid-rich tissues (Shukla et 
al., 2007).  Once inside the host, PAHs can be metabolized by cyclooxygenases, such as 
cytochrome p450 1a1, into polar metabolites and then into conjugates, which are more readily 
excreted (Ma and Lu, 2007; Walker et al., 2012). 
 While many studies have established the toxicity of hydrocarbons (individual or 
mixtures) on fish reproductive and developmental functions (Beyer et al., 2016; Booc et al., 
2014; Brown-Peterson et al., 2015; Dubansky et al., 2013; Hedgpeth and Griffitt, 2016; 
Incardona et al., 2004; Raimondo et al., 2016; Reynaud and Deschaux, 2006; Villeneuve et al., 
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2001), few have investigated multi- or transgenerational effects.  Furthermore, most generational 
studies use a chronic exposure across all generations tested, which may not be an 
environmentally relevant parallel to exposure during an oil spill when it is possible that only the 
parental generation (F0) is exposed.  To date, there have been only four studies that have 
investigated the effects on unexposed generations of offspring following F0 exposure 
(transgenerational effects) (Corrales et al., 2014b; Perrichon et al., 2015; Raimondo et al., 2016; 
White et al., 1999).  While these studies have demonstrated transgenerational effects following 
hydrocarbon exposure, they either focus on one specific hydrocarbon, limiting the environmental 
relevance of the exposure, or restrict their transgenerational observations to the early life stages 
of the F1 generation.  There is a need for more extensive research on the transgenerational effects 
of environmentally relevant hydrocarbon mixtures, specifically with more extensive evaluation 
of reproductive endpoints in the F1 generation, as well as monitoring the F2 generation. 
In the present study, F0 adult sheepshead minnow (SHM) were exposed to a crude oil 
high-energy water accommodated fraction (HEWAF), an environmentally relevant PAH 
mixture, and analyzed for somatic and reproductive changes.  The F1 generation was examined 
for developmental, somatic, and reproductive effects, and the unexposed F2 generation was 
evaluated for developmental effects.  The present study tested the following hypotheses: (1) oil 
exposure will impact somatic, reproductive, and developmental endpoints in adult F0 sheepshead 
minnow and (2) oil exposure will result in transgenerational effects on F1 and F2 generations.  
These hypotheses were tested using the following objectives: 1) determine the effect of oil 
exposure on somatic, reproductive, and developmental endpoints; 2) determine the correlation 
between body burden of PAHs and somatic and reproductive endpoints; and 3) determine 
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changes in somatic and reproductive endpoints in the adult F1 generation, and changes in 
developmental endpoints in the unexposed embryonic F2 generation. 
 
3.3. Methods 
3.3.1. Test species 
Sheepshead minnow (SHM), Cyprinodon variegatus, are an abundant small-bodied fish 
(<8 cm long) found in shallow waters along the Atlantic coast of the United States, from Cape 
Cod to Mexico (Bigelow and Schroeder, 1953), including estuaries along the northern GOM 
coastline.  Sheepshead minnow produce transparent demersal eggs, allowing for easy assessment 
of embryonic developmental endpoints.  Their hardiness, environmental relevance and 
abundance, adaptability to laboratory conditions, and short developmental period made them an 
ideal species for the present study. 
SHMs were obtained from the University of Southern Mississippi and bred to establish a 
colony at the University of Connecticut.  All fish housing and standard operating and 
experimental procedures were approved under the University of Connecticut’s Institutional 
Animal Care and Use Committee (protocol A15-059).  
 
3.3.2. Fish holding 
Fish were housed in UConn’s Aquatic Facility in 35 L glass aquaria and/or a 1,890 L 
Mini Fish Farm (Pentair Aquatic Ecosystems, Apopka, FL, USA).  Routine water quality tests 
were performed, including daily testing for dissolved oxygen, temperature, and salinity, and 
weekly testing for pH, ammonia, nitrite and nitrate.  All measurements of pH, ammonia, nitrite 
and nitrate were within normal ranges.  During housing, adult fish were fed standard commercial 
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flaked food once a day (Zeigler Aquatox Fish Diet; Zeigler Bros, Inc., Gardners, PA, USA).  
During reproductive experiments, adult fish were fed flaked food twice a day and freshly hatched 
brine shrimp (Artemia salina) nauplii once a day (Brine Shrimp Direct). 
 
3.3.3. High-energy water-accommodated fraction (HEWAF) preparation 
The HEWAF was prepared according to protocols previously described (Incardona et al., 
2013).  The HEWAF has been demonstrated to produce a chemical composition more similar to 
whole oil than traditional WAF methods can generate (Sandoval et al., 2017).  Furthermore, 
dilutions of HEWAF preparations have previously been shown to preserve chemical composition 
across a wide range of dilutions (Forth et al., 2017).  Briefly, surrogate oil (SO-20111116-
MPDF-003; British Petroleum) was mixed with 3 L artificial seawater (Instant Ocean®, 
Blacksburg, VA, USA) in a Waring CB15 high-speed commercial blender (Torrington, CT, 
USA) at 1 g oil/L seawater for 1 min on low speed.  The HEWAF mixtures were prepared in 7 
batches (21 L HEWAF), poured into a 23 L glass carboy, and allowed to settle for 1 h.  A 
peristaltic pump was used to collect HEWAF from the carboy, avoiding the oil-water interface.  
The HEWAF was mixed with artificial seawater in header tanks to produce dilutions (v/v) of 0% 
(no HEWAF; control) 1.25% (low HEWAF) and 12.5% (high HEWAF), which flowed into 
individual exposure tanks by passive flow. The flow-through system required approximately 33 
L of HEWAF daily. 
 
3.3.4. Chemical analyses 
For a subset of HEWAF preparations (n=5), a 500 mL sample was kept for chemical 
analysis by gas chromatography tandem mass spectroscopy (GC-MS/MS) at UConn’s Center for 
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Environmental Science and Engineering (CESE) to determine the PAH composition using 
methods previously described (Rodgers et al., 2018).  Briefly, HEWAF samples were passed 
across a methanol-conditioned Waters HLB SPE cartridge, eluted with acetonitrile, then 
analyzed using an Agilent 6890 gas chromatograph with Restek Rxi-5Sil MS column using 
splitless injection coupled to a Waters Quattro Micro tandem MS.  An internal standard was used 
to quantify all peaks, and efficiency of extraction was assessed using surrogate standards.  
Standard quality assurance procedures were utilized, including analysis of duplicate samples, 
method blanks, matrix spike duplicates, and laboratory control samples.  Reporting limits are 
shown in Table S1. 
In addition, in order to evaluate the hydrocarbon exposure in the experimental system, a 9 
mL sample of water was collected daily from each tank and added to a 20 mL glass scintillation 
vial containing 9 mL ethanol and then stored at 4 ˚C.  Water samples were sonicated for 3 min to 
reduce PAH adhesion to the glass vial, and then analyzed on a fluorescence spectrophotometer 
using an excitation wavelength of 270 nm and emission range of 280 to 500 nm to detect total 
petroleum hydrocarbons (TPHs), including 2- to 4-ring aromatic hydrocarbons (Kim et al., 
2010).  This fluorescence method of measuring TPHs is a fast and cost-effective alternative to 
GC/MS that has been routinely used to monitor and characterize oil exposure (Kim et al., 2010). 
 
3.3.5. Experimental conditions – reproductive test 
Adult SHM (>120 dph) were randomly allocated to 20 L glass aquaria with 3 females and 
2 males per tank (Cripe et al., 2009), as assessed by sexually dimorphic coloration.  Tanks were 
set up on a flow-through system, similar to systems previously described (Manning et al., 1999).  
 
 
 
65 
The flow-through system facilitated two turnovers of water per day which allowed for 
maintenance of water quality as well as consistent exposure levels of HEWAF.   
Prior to the start of the experiment, the fish were acclimated to laboratory conditions for 
10 days.  Fish were maintained on a 16L and 8D light cycle (Manning et al., 1999), and water 
was kept at 29.8 ± 0.2 ˚C, dissolved oxygen at 5.57 ± 0.87 mg/l, and salinity at 15 ± 1 ppt.  These 
conditions were chosen based on previously published SHM exposures at 15 ppt salinity 
(Brown-Peterson et al., 2013; Hedgpeth and Griffitt, 2016), and normoxic dissolved oxygen 
conditions.  Temperature was controlled by placing the tanks in a heated water bath, which was 
monitored daily.  Artificial seawater was prepared using Instant Ocean® sea salt (Blacksburg, 
VA, USA).  Salinity was determined using a Sybon Opticon Series FG100sa refractometer 
(Bethesda, MD, USA). 
After acclimation to the environmental conditions, a 10-d pre-exposure was performed to 
establish baseline egg production and determine exposure groups (Bosker et al., 2009).  During 
this pre-exposure period, one breeding net made of a PVC ring with fine nylon mesh (335 µm) 
was placed into each tank to provide a spawning substrate for female fish.  The breeding nets 
were removed daily, allowing for enumeration of eggs in each tank, then rinsed to remove eggs, 
and returned to the tank.  Tanks with actively spawning fish were selected for the exposure and 
distributed among treatment groups (6 tanks per treatment).  During this pre-exposure period, 
eggs were not assessed for fertilization or hatching success. 
 
3.3.6. Reproductive and developmental endpoints 
 Egg production data were expressed per female to account for discrepancies in the 3 
females to 2 males ratio, either from mortality of a fish during exposure, or misidentification of 
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sex based on dimorphic coloration.  More specifically, adult male fish lacking the traditional blue 
coloration and caudal fin black stripe of mature male SHM were on occasion misidentified as 
females during tank assignment.  Sex was confirmed during necropsy when reproductive organs 
could be dissected and visualized, and egg production values from each tank were then divided 
by the number of females in each tank. 
Six tanks were assigned to each of three exposure groups based on average daily egg 
production over the 10 d (control 25.3 ± 3.4, low HEWAF 26.1 ± 2.9, high HEWAF 27.0 ± 3.2).  
Tank assignments were performed following guidelines set forth in Bosker et. al (2009) to ensure 
that any changes in egg production between groups during the exposure phase were attributable 
to the HEWAF, not to natural variation in egg production between fish. 
Eggs were collected daily from breeding nets throughout the 14-d exposure to determine 
cumulative egg production during exposure.  On days 7 and 10 of the exposure, eggs were kept 
in embryo cups (a cylinder of nylon mesh adhered to a petri dish) in tanks with clean, aerated 
artificial seawater for determination of fertilization rate, as well as developmental endpoints 
described below.  A maximum of 50 eggs were placed in each embryo cup, with one embryo cup 
per tank.  Fertilization rate was determined 2 days after egg collection by visualizing developing 
embryos using an inverted microscope (Axiovert 200M, Zeiss, CITY, Germany). 
Eggs used to determine F0 fertilization success were maintained for 10 dph in tanks of 
clean, aerated seawater to assess developmental endpoints, including heart rates, hatch rate, time-
to-hatch, larval length at hatch (LLH), larval length at 10 dph (LL10), prey capture at 10 dph, 
and survival.  Heart rates were determined 2 days after egg collection using an inverted 
microscope (25x magnification) and counting heart beats over a 30-sec period.  Eggs were then 
returned to embryo cups and monitored daily for hatching to determine hatch rate and time-to-
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hatch.  Once hatched, larvae were collected and photographed on a microscope to determine 
standard length using the AxioVision 4.8.1 software (Zeiss, Oberkochen, Germany) and then 
returned to the embryo cups.  At 10 dph, larvae were counted to determine survival and 
photographed on the microscope to determine length.  Prey capture ability was also assessed in 
the larvae on 10 dph, in a manner similar to methods previously described (Weis et al., 2003).  
Briefly, larvae were placed individually into a well of a 48 well plate containing five or six brine 
shrimp, with a minimum of 10 replicates per exposure.  The number of remaining brine shrimp 
was monitored at 2 and 5 min to determine ability to capture prey.  
 
3.3.7. Somatic endpoints 
Following the 14-d exposure, F0 fish were netted and anaesthetized using buffered 
tricaine methanesulfonate (MilliporeSigma, Burlington, MA, USA) at a concentration of 0.1 g/L.  
Standard length and wet weight were determined, and subsequently fish were euthanized by 
spinal severance (American Veterinary Medical Association, 2013).  After euthanasia, fish were 
dissected to remove liver and gonads, which were weighed for the calculation of liver and gonad 
somatic indices (LSI: liver somatic index; GSI: gonad somatic index) for each individual fish.  
Somatic index was calculated as (organ wt/body wt) x 100. 
 
3.3.8. PAH body burdens 
Fish carcass samples (without livers and gonads) were analyzed for 16 parent PAHs and 
8 alkyl PAHs.  PAHs were extracted using the QuEChERs (Quick, Easy, Cheap, Effective, 
Rugged, and Safe) method (Johnson, 2012) in water, followed by the addition of acetonitrile, 
clean-up with magnesium sulfate and sodium acetate, and centrifugation.  Extracts were then 
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analyzed by ultra-performance liquid chromatography/tandem mass spectrometry photodiode 
array detection (UPLC/MS/MS/PDA), as previously described (Paruk et al., 2013; Seegar et al., 
2015; Yeudakimau et al., 2013).  All quality control data were within acceptable limits.  
Reporting limits of parent PAHs are listed in Table S1.  Bioconcentration factors (BCFs) were 
calculated as previously described (Jonsson et al., 2004) using the equation BCF=CF/CW, where 
CF is the PAH concentration measured in fish tissue (without liver and gonads), and CW is the 
concentration of PAHs in the seawater. 
 
3.3.9. F1 generation – somatic and reproductive endpoints 
Eggs collected during the F0 generation exposure were used to measure reproductive and 
developmental endpoints and maintained in clean, artificial seawater through development to the 
adult stage (125 dph).  The F1 generation was only directly exposed to HEWAF during the 
period between when eggs were spawned and when eggs were removed during daily egg 
collection (<24 h).  Somatic and reproductive endpoints were assessed using the same 
reproductive test as described in the sections Experimental conditions -reproductive test and 
Reproductive and developmental endpoints but without any additional exposure to HEWAF.  
Additionally, the pre-exposure phase used to determine baseline egg production was extended 
from 10 to 14 days because many of the tanks did not produce any eggs for the first several days.  
The control F1 group had 7 replicate tanks for the reproductive test, while the low and high 
HEWAF F1 groups each had 6 replicate tanks. 
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3.3.10. F2 generation 
 Eggs (F2) were collected from each replicate tank during the F1 generation reproductive 
test on days 7, 10, and 13 and were maintained in clean artificial seawater (maximum of 50 eggs 
per tank) to determine developmental endpoints as described in the section Reproductive and 
developmental endpoints.  Since the F1 reproductive test did not include oil exposure, 
developmental endpoints were not expected to vary between the three egg collections.  
Therefore, data for F2 developmental endpoints were combined across egg collections to achieve 
a higher sample size for statistical analyses. 
 
3.3.11. Statistical analyses 
 One-way analyses of variance (ANOVAs) with Holm-Sidak test were used to compare 
differences between exposed and non-exposed fish in somatic and reproductive endpoints, as 
well as developmental endpoints in the F2 generation.  Normality was tested using Kolmogorov–
Smirnov test, and equal variance was assessed with the Levene median test.  A one-way 
ANOVA on Ranks was used when data violated normality assumptions.  A two-way ANOVA 
with Holm-Sidak test was used to compare differences in fertilization success and all 
developmental endpoints for the F1 generation. 
Body burdens of parent and alkyl PAH were used for correlation analyses with all 
experimental endpoints.  Body burden data were pooled separately for males and females of each 
tank.  Control fish were not included in the correlation analyses.  Correlation analyses of PAH 
body burdens and experimental endpoints were performed using Pearson Product Moment 
Correlation.  All analyses were performed using SigmaStat 3.5 software (Systat Software, San 
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Jose, CA), using an alpha level of 0.05 for statistical significance. All data were presented as 
mean +/- standard error of the mean (SEM), unless indicated otherwise. 
 
3.4. Results 
3.4.1. Chemical analyses 
 Total PAHs (tPAHs) of the five HEWAF samples averaged 137 ± 13 ng/mL (Table 1).  
Based on this measured mean tPAH concentration, the 1.25% HEWAF dilution (“low HEWAF”) 
was determined to be 1.7 ng/mL tPAH and the 12.5% HEWAF dilution (“high HEWAF”) 17 
ng/mL tPAH.  Daily quantification of TPH in individual tanks of fish measured using 
fluorescence indicated that exposure remained steady throughout the 14 d exposure, and 
consistent between tanks of the same dilution (Table S2).  Also, fluorescence values indicated 
that the high HEWAF exposure was approximately 11 times higher in TPH concentration 
compared to the low HEWAF exposure (low HEWAF: 75 au; high HEWAF: 807 au). 
 Body burdens of parent PAHs and alkyl PAHs in F0 SHM following the 14-d HEWAF 
exposure are summarized in Table 1.  Fish from control tanks were pooled by tank and all PAHs 
analyzed were below the limit of detection.  Body burdens of PAHs, were relatively similar in 
composition to the stock HEWAF; the most abundant PAHs were naphthalene, fluorene, 
anthracene and several methylated naphthalene alkyl PAHs (Table 1).   
 Bioconcentration factors (based on whole fish without livers and gonads) are reported in 
Table S3.  In both low and high HEWAF exposures, BCFs varied widely among hydrocarbons, 
ranging from 0 to over 18000, though BCFs tended to be less variable for alkyl PAHs then they 
were for the parent PAHs.  The BCFs were larger in low HEWAF F0 than high HEWAF F0 for 
the parent PAHs naphthalene, fluorene, and benzo[a]anthracene, as well as 3 of 8 alkyl PAHs.  
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Alternatively, BCFs were larger in high HEWAF F0 than low HEWAF F0 for parent PAHs 
acenaphthene, phenanthrene, anthracene, chrysene, as well as 5 of 8 alkyl PAHs. 
 
3.4.2. F0 generation - somatic endpoints 
 During the 14-d HEWAF exposure, minimal mortality of adult SHM was observed.  
Survival rates were 100%, 93%, and 97% for control, low, and high HEWAF fish, respectively.  
Following a 14-d HEWAF exposure, SHM had no significant differences in length, body weight, 
gonad weight, or gonad somatic indices (Table 2).  However, female fish exposed to high 
HEWAF for 14 d had significantly higher liver weight than unexposed female fish, and both 
male and females exposed to high HEWAF had significantly higher LSI than unexposed fish.  
Liver somatic indices were positively correlated with tissue tPAHs for 5 of the 7 parent PAHs 
detected in tissues, as well as for 6 of the 8 alkyl PAHs (Table 3).  
 
3.4.3. F0 generation - reproductive endpoints 
 There were no significant differences in average daily egg production between exposure 
groups in the pre-exposure period (Figure 1A).  However, during the exposure period daily egg 
production was significantly lower in the high HEWAF exposure compared to low HEWAF 
exposure (Figure 1A).  Moreover, high HEWAF exposure significantly reduced the average egg 
production per day compared to the same tanks during the pre-exposure period (Figure 1A).  
After a 14-day exposure period, the cumulative egg production per female averaged 350 ± 31 
(mean ± SE) for controls, 444 ± 36 for low HEWAF, and 234 ± 36 for high HEWAF (Figure 
1B).  Low HEWAF exposure resulted in a 27% increase in cumulative egg production compared 
to control fish, but this was not statistically significant (Figure 1B).  High HEWAF exposure 
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resulted in a 33% decrease in cumulative egg production, but this was significantly different only 
from low HEWAF, not control (Figure 1B).  Cumulative egg production was negatively 
correlated with tissue tPAHs, 2 of 7 parent PAHs detected in tissues, and 6 of 8 alkyl PAHs 
(Table 3). 
Eggs collected on days 7 and 10 of exposure were kept for evaluation of egg fertilization 
rate, a measure of male reproductive capacity.  Overall, fertilization success was significantly 
lower in high HEWAF eggs compared to low HEWAF eggs, although neither was significantly 
different from control (Figure 1C).  Additionally, among eggs collected on day 7 of exposure 
only, there was significant decrease in fertilization rate in eggs from high HEWAF fish 
compared to low HEWAF.  Fertilization rate on day 7 of exposure was negatively correlated 
with tissue tPAHs, including 4 of the 7 parent PAHs detected in tissues, and all 8 alkyl PAHs 
(Table 3). 
 
3.4.4. F1 generation - developmental endpoints 
 There were no statistically significant changes in larvae survival to 10 dph, which ranged 
between 65-89% (data not shown).  Among embryos collected on day 10, the heart rate of 
embryos exposed to low HEWAF was significantly higher (by 10%) than it was for control 
embryos (Figure 2A).  Additionally, heart rate was 34% higher in embryos collected on day 10 
compared to embryos collected on day 7 in all three exposure groups.  The HEWAF treatment 
and time of egg collection had a significant interaction on embryo hatch rate (Figure 2B).  
Within the high HEWAF exposure, embryos on day 7 of exposure had 48% lower hatch rate than 
embryos collected on day 10 (Figure 2C).  Within eggs collected on day 10, high HEWAF 
increased time-to-hatch compared to low HEWAF. 
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 Among eggs collected on day 7, embryos from low and high HEWAF exposures were 
significantly shorter at hatch than control embryos, with reductions of 10% and 11%, 
respectively (Figure 2D).  Overall, high HEWAF exposure also reduced LL0 by 7% compared to 
controls.  Additionally, control embryos from eggs collected on day 10 were significantly shorter 
at hatch (8% reduction) than control embryos from eggs collected on day 7. 
Low HEWAF exposure significantly reduced LL10 by an average of 13%, while high 
HEWAF exposure resulted an 18% increase in larval length, compared to controls (Figure 2E).  
Within eggs collected on day 7, high HEWAF exposure significantly increased LL10 by 21% 
compared to control and by 31% compared to low HEWAF exposures.  Within eggs collected on 
day 10, low HEWAF significantly decreased LL10 by 17%, while high HEWAF significantly 
increased length by 16%.  Additionally, there was an overall effect of time of egg collection, 
such that embryos from eggs collected on day 7 of exposure were significantly shorter 10 dph 
than those from eggs collected on day 10, with a reduction in length of 15%.  This was also 
statistically significant within control and high HEWAF exposures individually.   
The HEWAF exposure and day of egg collection had a significant interaction on prey 
capture ability of F1 larvae.  Within eggs collected on day 7 of exposure, prey capture ability of 
larvae from high HEWAF tanks was 80% lower than larvae from control tanks during the first 2 
min of the assay, and 71% lower than control larvae after 5 min, both of which were statistically 
significant reductions in prey capture (Figure 3B). 
  
3.4.5. F1 generation – somatic endpoints 
 There were no statistically significant differences in rates of survival to 10 dph of F1 from 
the three different F0 groups (data not shown).  Of the F1 larvae that survived, 77%, 84%, and 
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95% survived to the adult stage (125 dph) in control, low HEWAF, and high HEWAF groups, 
respectively.   
There was minimal mortality during the F1 reproductive test.  Only one male fish died on 
day 13 in the high HEWAF group.  Analyses of somatic endpoints at the end of the 14-day 
reproductive test indicated that female F1 from the low HEWAF were significantly smaller 
compared to F1 controls (Table 4).  There were no statistically significant changes in liver or 
gonad weight or somatic indices. 
 
3.4.6. F1 generation – reproductive endpoints 
During the 14 d reproductive test, the cumulative egg production per female averaged 50 
± 17 for F1 fish from F0 controls, 36 ± 21 for F1 fish from F0 low HEWAF, and 24 ± 6 for F1 fish 
from F0 high HEWAF (Figure 4).  While there was a 29% and 51% decrease in F1 egg 
production in low and high HEWAF groups, respectively, this effect was not statistically 
significant (p=0.521), though low power of the ANOVA limits the interpretation of these data.  
There were no significant changes in fertilization rate (data not shown). 
 
3.4.7. F2 generation – developmental endpoints 
In the F2 generation, there were no statistically significant changes in heart rate, hatch 
rate, time to hatch, length at hatch, length 10 dph, or survival to 10 dph (data not shown).  
However, prey capture ability of larvae from the high HEWAF group was significantly reduced 
compared to larvae from the control and low HEWAF groups after 2 min (Figure 5), but there 
were no significant difference among groups at 5 min. 
 
 
 
 
75 
3.5. Discussion 
This transgenerational study demonstrated that exposure of SHM to HEWAF resulted in 
somatic and reproductive effects in a PAH-exposed F0 generation, developmental changes in the 
F1 generation, and minimal developmental effects in the unexposed F2 generation.  PAH 
exposure levels used in the present study were 1.7 and 17 ng/mL for low and high HEWAF 
respectively, which fall within the range of concentrations measured in the GOM during and 
after the DWH oil spill, as reported in the largest publicly available database of water chemistry 
data from the GOM (BP Gulf Science Data, 2016).  The HEWAF exposures performed in the 
present study therefore represent environmentally relevant exposures of GOM SHM, both in 
terms of composition, as mentioned previously, and concentration. 
Body burdens of PAHs were analyzed only at the end of the 14 d exposure, and therefore 
only provide a snapshot of exposure levels inside the fish.  It is likely that actual PAH burdens 
fluctuated throughout the exposure as PAHs were absorbed, metabolized, and excreted (Heath, 
1995).  Importantly, liver and gonad tissues were removed for further molecular analyses (see 
Appendix), and therefore could not be included in hydrocarbon body burden analyses.  The 
reported concentrations in the present study may therefore underestimate the actual body burden 
of exposed fish.  Moreover, removal of gonads before PAH analyses limited the ability to make 
appropriate comparisons of body burden between males and females.  Adult SHM tended to have 
higher concentrations of alkyl PAHs than parent PAHs in their tissues.  Alkyl PAHs are 
generally more lipophilic than parent PAHs, and therefore experience increased absorption and 
bioaccumulation (Irwin et al., 1997).  Additionally, most alkyl PAHs are more toxic than the 
parent compound (Irwin et al., 1997).  Body burdens of tPAHs were approximately 10 times 
higher in fish exposed to high HEWAF (12.5% stock) than fish exposed to low HEWAF (1.25% 
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stock), indicating that overall, body burdens of tPAHs were proportional to water concentrations 
of tPAHs, at least for the two concentrations of HEWAF tested. 
Our data bolster the growing body of evidence that hydrocarbon exposure can alter egg 
production in female fish (Brown-Peterson et al., 2013; Perrichon et al., 2015; Raimondo et al., 
2016), and decrease reproductive fitness in male fish by reducing fertilization rate (Booc et al., 
2014).  Hydrocarbons have also been shown to reduce sperm quantity (Sundt and Bjorkblom, 
2011) and quality (Nagler and Cyr, 1997), and delay spermiation (Khan, 2012), though those 
endpoints were not assessed in the present study.  Correlation analyses revealed that tissue 
concentrations of parent and alkyl PAHs were negatively correlated with both egg production 
and fertilization rate, providing additional supportive evidence that the changes observed in egg 
production and fertilization rate in the present study are a result of hydrocarbon exposure, and 
not natural variation between tanks.  Importantly, it has been demonstrated that laboratory SHM 
have higher reproductive potential than wild SHM and may underestimate the ecological effects 
on wild fish (Rutter et al., 2012).  It is possible that the reproductive effects reported in the 
present study of laboratory SHM may have been even more severe in wild populations of SHM 
that experienced oil exposure in the GOM.  
While low HEWAF exposure increased F0 egg production, the eggs that were produced 
experienced developmental deficits, which may affect survival in a natural habitat.  The biphasic 
dose response pattern (“hormesis”) observed in F0 egg production in the present study is a well-
documented phenomenon in toxicology (Calabrese et al., 2007) and has previously been 
demonstrated in fish reproduction studies (Bosker et al., 2010; Pawlowski et al., 2004; Tilton et 
al., 2005; van den Heuvel et al., 2010).  High variability between tanks lowered statistical power 
and limited interpretation of F1 egg production data.  While there is no consensus on critical 
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effect size (CES) for fish reproductive tests, a commonly used CES is 25%, indicating that a 25% 
change in egg production would cause adverse effects on the fish population (Bosker et al., 2009; 
Munkittrick et al., 2009).  This suggests that the changes observed in egg production in the 
present study, while not statistically significant, could be biologically significant and lead to 
population level consequences in sheepshead minnow. 
The present study demonstrated an array of transgenerational effects, including F1 
developmental changes and impaired F2 prey capture ability.  Other studies have demonstrated 
developmental effects in fish embryos and larvae exposed to PAH (Booc et al., 2014; Incardona 
et al., 2004; White et al., 1999), including reduced hatch frequency, decreased survival, and 
cardiac abnormalities.  A study investigating the developmental effects of PAH exposure on 
zebrafish embryos found that phenanthrene, a three-ring PAH, caused cardiac dysfunction, 
including bradycardia and arrhythmias, and pyrene, a four-ring PAH, caused reduced blood 
circulation, anemia, and neuronal cell death (Incardona et al., 2004).  Embryonic cardiac effects 
resulting from hydrocarbon exposure, as demonstrated in the F1 embryos from SHM exposed to 
low HEWAF in the present study, is a well-established phenomenon in fish.  It has previously 
been demonstrated that PAHs can cause altered cardiac functioning directly, in PAH-exposed 
embryos, and indirectly, in embryos collected from PAH-exposed parental fish (Corrales et al., 
2014b; Perrichon et al., 2015). 
Unlike the other developmental endpoints in the present study that measured 
morphological alterations, prey capture is a behavioral endpoint that requires coordination of 
several physiological systems, making it a highly sensitive sublethal endpoint to assay.  The two 
time points reported for this assay, 2 and 5 min, may simulate environmental situations of limited 
and abundant prey availability, respectively.  Diminished prey capture ability, demonstrated in 
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the F1 and F2 generations from high HEWAF-exposed F0, could impair growth, delay 
development, increase risk of predation, and decrease survivorship (Zhou et al., 2001).  While 
the mechanism of these transgenerational effects of hydrocarbons in fish is unclear, Fang et al. 
(2010) reported that PAH exposure may alter DNA methylation patterns in mummichog 
embryos, suggesting that epigenetics may play a role. 
In adult F0 SHM exposed to high HEWAF, LSI values were significantly increased and 
positively correlated with body burdens of parent and alkyl PAHs.  Increased LSI has previously 
been demonstrated as a physiologic response to hydrocarbon exposure in fish, and is thought to 
be a hyperplastic or hypertrophic response to increase capacity to metabolize hydrocarbons 
(Heath, 1995). 
 In conclusion, the present study demonstrated that short-term (14 d) exposure of SHM to 
an environmentally relevant mixture of PAHs (HEWAF) resulted in a range of somatic and 
reproductive effects in the exposed F0 generation, as well as developmental effects in the F1 and 
F2 generations.  The F1 generation was maintained through the adult phase and observed to have 
reproductive effects that, though not statistically significant, may be of important biological 
significance.  These data suggest that HEWAF exposure can cause a range of physiological 
effects in exposed adult fish, in addition to transgenerational effects in offspring without 
additional HEWAF exposure, both of which could have population level consequences.  
Correlations between tissue PAHs and observed endpoints provide evidence that the 
physiological effects observed were caused by hydrocarbon exposure.  These data demonstrate 
that oil from the DWH oil spill was capable of causing significant effects in exposed SHM. 
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3.7. Tables and Figures 
Table 1. Chemical composition of stock high-energy water-accommodated fraction (HEWAF) 
and sheepshead minnow body burdens.  HEWAF samples were analyzed using gas 
chromatography-tandem mass spectrometry (GC-MS/MS), and body burdens were analyzed 
using ultra-performance liquid chromatography/tandem mass spectrometry photodiode array 
detection (UPLC/MS/MS/PDA).  Data are expressed as mean ± SE in ng/mL (HEWAF) or ng/g 
(body burdens).  Body burdens were analyzed after a 14 d exposure to low (1.25% stock) or high 
(12.5% stock) HEWAF.  Fish from control tanks were pooled by tank and all polycyclic 
aromatic hydrocarbons (PAHs) analyzed were below the detection limit (data not shown).  “Total 
PAHs” represents the sum of all parent PAHs.  ND = not detected. 
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Stock 
HEWAF 
(ng/mL) 
(n=5) 
Body Burden (ng/g) 
Low HEWAF 
(1.25% stock) 
High HEWAF 
(12.5% stock) 
Female 
(n=15) 
Male 
(n=13) 
Female 
(n=17) 
Male 
(n=12) 
Pa
re
nt
 P
A
H
 
Total PAHs 137 ± 13 504 ± 84 643 ± 116 4885 ± 682 6581 ± 789 
Naphthalene 119 ± 13 147 ± 59 229 ± 92 1182 ± 155 1622 ± 212 
Acenaphthylene ND ND ND ND ND 
Fluorene 7 ± 1 210 ± 34 230 ± 36 836 ± 138 990 ± 96 
Acenaphthene 1 ± 0.1 ND ND 77 ± 55 99 ± 70 
Phenanthrene 8 ± 1 ND ND 602 ± 91 760 ± 95 
Anthracene 3 ± 0.2 59 ± 27 156 ± 39 1948 ± 298 2881 ± 382 
Fluoranthene ND ND ND ND ND 
Pyrene ND ND ND ND ND 
Chrysene 0.2 ± 0.1 ND ND 220 ± 77 77 ± 77 
Benzo(a)anthracene 0.4 ± 0.02 88 ± 49 27 ± 27 23 ± 23 152 ± 79 
Benzo(b)fluoranthene ND ND ND ND ND 
Benzo(k)fluoranthene ND ND ND ND ND 
Benzo(a)pyrene ND ND ND ND ND 
Dibenz(a,h)anthracene ND ND ND ND ND 
Indeno(1,2,3-cd)pyrene ND ND ND ND ND 
Benzo(g,h,i)perylene ND ND ND ND ND 
A
lk
yl
 P
A
H
 
2-methylnaphthalene 42 ± 2 352 ± 28 558 ± 77 3698 ± 490 5994 ± 730 
2,6-dimethylnaphthalene 14 ± 1 218 ± 25 333 ± 28 3902 ± 557 5411 ± 595 
1,3-dimethylnaphthalene 34 ± 1 272 ± 43 443 ± 65 8957 ± 1116 13340 ± 1338 
1,5-dimethylnaphthalene 13 ± 0.8 181 ± 41 369 ± 28 4171 ± 548 5949 ± 511 
2,3,5-trimethylnaphthalene 2 ± 0.2 ND ND 356 ± 47 429 ± 42 
1-methylfluorene 4 ± 0.4 185 ± 5 193 ± 4 685 ± 71 908 ± 93 
3-methylphenanthrene 5 ± 0.6 107 ± 17 117 ± 15 446 ± 46 432 ± 43 
9-methylphenanthrene 11 ± 1 138 ± 19 171 ± 6 965 ± 110 1076 ± 119 
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Table 2. Somatic measurements of F0 adult sheepshead minnow following a 14-d exposure to 
high-energy water-accommodated fraction (HEWAF). Values in bold with an asterisk are 
statistically significant from controls using one-way ANOVA with Holm-Sidak method or one-
way ANOVA on Ranks with Dunn’s method if data were not normally distributed (p < 0.05).  
Sample size is indicated in the table. Low = low HEWAF (1.7 ng/mL total polycyclic aromatic 
hydrocarbons [PAHs]); High = high HEWAF (17 ng/mL tPAHs) 
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Table 3.   Correlation coefficient (r) of experimental endpoints with body burdens of polycyclic 
aromatic hydrocarbons (“Tissue PAHs”) in high-energy water-accommodated fraction 
(HEWAF)-exposed sheepshead minnow.  All values in the table are statistically significant using 
Pearson Product Moment Correlation (p < 0.05). 
 
Tissue PAHs 
Liver Somatic Index 
 
 
        r              p value 
Cumulative Egg 
Production 
 
         r              p value 
Fertilization Rate 
Day 7 
 
         r              p value 
Pa
re
nt
 P
A
H
 
Total PAH 0.493 0.014 -0.623 0.031 -0.748 0.008 
Naphthalene 0.483 0.017    -0.656 0.029 
Acenaphthylene          
Fluorene 0.652 0.001    -0.616 0.044 
Acenaphthene          
Phenanthrene 0.493 0.014 -0.599 0.040 -0.775 0.005 
Anthracene 0.426 0.038 -0.664 0.019 -0.751 0.008 
Fluoranthene          
Pyrene          
Chrysene 0.482 0.017       
Benzo(a)anthracene          
Benzo(b)fluoranthene          
Benzo(k)fluoranthene          
Benzo(a)pyrene          
Dibenz(a,h)anthracene          
Indeno(1,2,3-cd)pyrene          
Benzo(g,h,i)perylene          
A
lk
yl
 P
A
H
 
2-methylnaphthalene 0.498 0.013    -0.706 0.015 
2,6-dimethylnaphthalene 0.481 0.017    -0.761 0.007 
1,3-dimethylnaphthalene 0.476 0.019 -0.620 0.031 -0.808 0.003 
1,5-dimethylnaphthalene 0.504 0.012 -0.589 0.044 -0.823 0.002 
2,3,5-trimethylnaphthalene 0.539 0.001 -0.690 0.013 -0.762 0.006 
1-methylfluorene 0.405 0.049 -0.590 0.044 -0.761 0.007 
3-methylphenanthrene    -0.823 0.001 -0.733 0.010 
9-methylphenanthrene    -0.806 0.002 -0.768 0.006 
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Table 4. Somatic measurements of F1 sheepshead minnow following 14 d reproductive test.  
Exposure group listed in table (Control, Low, High) represents F0 high-energy water-
accommodated fraction (HEWAF) exposure.  Values in bold are statistically significant from 
control using one-way ANOVA with Holm-Sidak method or one-way ANOVA on Ranks with 
Dunn’s method if data were not normally distributed (p < 0.05).  Sample size is indicated in the 
table.  Low = low HEWAF (1.7 ng/mL total polycyclic aromatic hydrocarbons [PAHs]); High = 
high HEWAF (17 ng/mL tPAHs) 
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Figure 1.  Effect of high-energy water-accommodated fraction (HEWAF) exposure on 
reproductive endpoints in F0 sheepshead minnow.  A) Average egg production per female per 
day during the pre-exposure (10 d) and exposure (14 d) periods.  Different letters indicate 
significant differences within the pre-exposure and exposure periods, using one-way ANOVA 
with Holm-Sidak test (p < 0.05).  B) Cumulative egg production per female during exposure to 
HEWAF.  Different letters indicate significant differences at the end of the exposure period, 
using one-way ANOVA with Holm-Sidak test (p < 0.05).  C) Fertilization success of eggs 
collected from tanks on days 7 and 10 of exposure.  Fertilization rate of embryos from high 
HEWAF exposure was significantly lower than low HEWAF exposure.  Different letters indicate 
significant differences within the collection day, using two-way ANOVA with Holm-Sidak 
method (p < 0.05).  A-C) All data were expressed as mean ± SE.  n=6 tanks per treatment.  Low 
= low HEWAF (1.7 ng/mL total polycyclic aromatic hydrocarbons [PAHs]); High = high 
HEWAF (17 ng/mL tPAHs) 
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Figure 2.  Effect of high-energy water-accommodated fraction (HEWAF) exposure on 
developmental endpoints of F1 sheepshead minnow.  All data were expressed as mean ± SE and 
analyzed by two-way ANOVA with Holm-Sidak test (p < 0.05). Different letters indicate 
significant differences within factors.  Significant main effects and interactions are described in 
Results. A) Embryo heart rates measured 2 days post collection. B) Hatch success of embryos. 
C) Average time to hatch of embryos.  D) Embryo length at hatch. E) Length of larvae 10 dph. 
Low = low HEWAF (1.7 ng/mL total polycyclic aromatic hydrocarbons [PAHs]); High = high 
HEWAF (17 ng/mL tPAHs). 
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Figure 3.  Effect of high-energy water-accommodated fraction (HEWAF) exposure on prey 
(Artemia salina) capture ability of F1 sheepshead minnow, measured at 10 dph for 2 min (A) and 
5 min (B).  All data were expressed as mean ± SE and analyzed by two-way ANOVA with 
Holm-Sidak test (p < 0.05).  Different letters indicate significant differences within factors.  
Significant main effects and interactions are described in Results.  Low = low HEWAF (1.7 
ng/mL total polycyclic aromatic hydrocarbons [PAHs]); High = high HEWAF (17 ng/mL 
tPAHs) 
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Figure 4.  Effect of F0 high-energy water-accommodated fraction (HEWAF) exposure on 
cumulative egg production of F1 sheepshead minnow.  Cumulative egg production per female 
during the 14 d reproductive test.  Data were expressed as mean ± SE.  Letters indicate no 
significant differences using one-way ANOVA (p = 0.521).  Sample sizes are n=7 tanks for 
control and n=6 tanks for low and high HEWAF.  Low = low HEWAF (1.7 ng/mL total 
polycyclic aromatic hydrocarbons [PAHs]); High = high HEWAF (17 ng/mL tPAHs) 
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Figure 5.  Effect of F0 high-energy water-accommodated fraction (HEWAF) exposure on prey 
(Artemia salina) capture ability of F2 sheepshead minnow, measured at 10 dph for 2 and 5 min.  
Different letters indicate statistical significance using one-way ANOVA on Ranks with Dunn’s 
test (p < 0.05) within each time point.  Low = low HEWAF (1.7 ng/mL total polycyclic aromatic 
hydrocarbons [PAHs]); High = high HEWAF (17 ng/mL tPAHs) 
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3.8. Supplementary Tables 
Table S1.  Reporting limits of parent and alkyl polycyclic aromatic hydrocarbons (PAHs) 
measured in water (high-energy water-accommodated fraction (HEWAF)) and tissue samples.  
Water samples were analyzed using gas chromatography tandem mass spectroscopy (GC-
MS/MS), and tissue samples were analyzed using ultra-performance liquid 
chromatography/tandem mass spectrometry photodiode array detection (UPLC/MS/MS/PDA). 
   
    Reporting Limit 
   Water (ng/mL) Tissue (ng/g) 
Pa
re
nt
 P
A
H
 
Naphthalene 1.0 77.2 
Acenaphthylene 0.1 21.4 
Fluorene 0.1 38.3 
Acenaphthene 0.1 50.0 
Phenanthrene 0.1 43.4 
Anthracene 0.1 60.1 
Fluoranthene 0.1 32.2 
Pyrene 0.1 43.8 
Chrysene 0.1 37.9 
Benzo(a)anthracene 0.1 55.6 
Benzo(b)fluoranthene 0.1 66.7 
Benzo(k)fluoranthene 0.1 52.5 
Benzo(a)pyrene 0.1 57.1 
Dibenz(a,h)anthracene 0.1 36.0 
Indeno(1,2,3-cd)pyrene 0.1 78.1 
Benzo(g,h,i)perylene 0.1 49.5 
A
lk
yl
 P
A
H
 
2-methylnaphthalene 0.5 77.2 
2,6-dimethylnaphthalene 0.5 77.2 
1,3-dimethylnaphthalene 0.5 77.2 
1,5-dimethylnaphthalene 0.5 77.2 
2,3,5-trimethylnaphthalene 0.5 77.2 
1-methylfluorene 0.5 38.3 
3-methylphenanthrene 0.5 43.4 
9-methylphenanthrene 0.5 43.4 
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Table S2. Fluorescence of water samples taken daily from exposure tanks during 14 d 
reproductive test.  Data is expressed as mean ± standard deviation of six tanks for each exposure 
group.  Low = low HEWAF (1.7 ng/mL total polycyclic aromatic hydrocarbons [PAHs]); High = 
high HEWAF (17 ng/mL tPAHs) 
 
 
  
  
Water Fluorescence (a.u.) 
mean ± SD 
Day of 
Exposure 
Control 
n=6 
Low HEWAF 
n=6 
High HEWAF 
n=6 
1 17.3 ± 4.5 104.1 ± 16.7 828.1 ± 170.0 
2 5.4 ± 4.8 86.0 ± 20.2 889.1 ± 156.4 
3 5.1 ± 0.5 66.4 ± 12.9 836.4 ± 87.8 
4 5.4 ± 2.4 63.0 ± 6.1 734.9 ± 151.8 
5 5.3 ± 1.8 67.5 ± 10.3 768.6 ± 199.8 
6 6.1 ± 1.2 40.4 ± 3.9 643.2 ± 205.8 
7 5.2 ± 2.2 79.8 ± 11.7 899.5 ± 145.9 
8 9.1 ± 2.6 71.6 ± 12.3 659.4 ± 96.6 
9 2.3 ± 2.4 47.8 ± 8.1 838.9 ± 152.4 
10 4.9 ± 2.6 60.3 ± 16.0 865.4 ± 222.9 
11 -2.2 ± 3.0 83.3 ± 12.0 836.7 ± 188.2 
12 2.8 ± 2.2 112.3 ± 44.8 836.7 ± 221.3 
13 6.6 ± 2.1 88.1 ± 25.1 854.8 ± 149.5 
14 5.8 ± 1.5 81.9 ± 23.4 810.7 ± 267.8 
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Table S3. Bioconcentration factors (BCFs) for sheepshead minnow exposed to low or high high-
energy water-accommodated fraction (HEWAF) for 14 days.  Bioconcentration factors (BCFs) 
were calculated using the equation BCF=CF/CW, where CF is the PAH concentration measured in 
fish tissue (without livers and gonads), and CW is the concentration of PAHs in the seawater.  
Water concentrations of low and high HEWAF were calculated as 1.25% and 12.5% of measured 
stock HEWAF concentrations, respectively.  
  
 
Low 
HEWAF 
(ng/mL) 
High 
HEWAF 
(ng/mL) 
Bioconcentration Factor 
Low HEWAF 
(1.25% stock) 
High HEWAF 
(12.5% stock) 
Female Male Female Male 
Pa
re
nt
 P
A
H
 
Total PAH 1.7 17.1 295 376 286 385 
Naphthalene 1.5 14.8 99 155 80 109 
Acenaphthylene ND ND ND ND ND ND 
Fluorene 0.1 0.9 2368 2603 944 1118 
Acenaphthene 0.02 0.2 0 0 457 588 
Phenanthrene 0.1 1.0 0 0 625 789 
Anthracene 0.03 0.3 1827 4823 6016 8898 
Fluoranthene ND ND ND ND ND ND 
Pyrene ND ND ND ND ND ND 
Chrysene 0.003 0.03 0 0 8819 3094 
Benzo(a)anthracene 0.005 0.05 18374 5632 472 3170 
Benzo(b)fluoranthene ND ND ND ND ND ND 
Benzo(k)fluoranthene ND ND ND ND ND ND 
Benzo(a)pyrene ND ND ND ND ND ND 
Dibenz(a,h)anthracene ND ND ND ND ND ND 
Indeno(1,2,3-cd)pyrene ND ND ND ND ND ND 
Benzo(g,h,i)perylene ND ND ND ND ND ND 
A
lk
yl
 P
A
H
 
2-methylnaphthalene 0.5 5.3 667 1060 702 1138 
2,6-dimethylnaphthalene 0.2 1.8 1220 1859 2180 3024 
1,3-dimethylnaphthalene 0.4 4.3 633 1031 2085 3105 
1,5-dimethylnaphthalene 0.2 1.6 1127 2294 2594 3701 
2,3,5-trimethylnaphthalene 0.02 0.2 0 0 1551 1872 
1-methylfluorene 0.1 0.6 3356 3507 1246 1652 
3-methylphenanthrene 0.1 0.6 1880 2071 787 762 
9-methylphenanthrene 0.1 1.4 1015 1257 709 791 
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4.1. Abstract 
Estuaries of the northern Gulf of Mexico are dynamic environments, with fluctuations in 
salinity and dissolved oxygen, including areas of seasonal hypoxia.  Fish that reside and 
reproduce in these estuaries, including sheepshead minnow (Cyprinodon variegatus; SHM), were 
at significant risk of oil exposure following the Deepwater Horizon oil spill.  It is poorly 
understood how differences in environmental conditions during oil exposure impact its toxicity.  
The present study investigated the effects of crude oil high-energy water accommodated fraction 
(HEWAF) on SHM reproduction in three environmental scenarios (normoxic, hypoxic, and 
hypoxic with low salinity) to determine if differences in salinity (brackish vs low salinity) and 
dissolved oxygen (normoxia vs hypoxia) could exacerbate the effects of HEWAF-derived 
polycyclic aromatic hydrocarbons (PAHs).  We observed that HEWAF exposure significantly 
increased liver somatic index of SHM compared to control, but this effect was not exacerbated 
by hypoxia or low salinity.  HEWAF exposure also significantly decreased egg production and 
egg fertilization rate, but only in the hypoxic and hypoxic with low salinity scenarios.  A 
significant correlation existed between body burdens of PAHs and reproductive endpoints, 
providing substantial evidence that oil exposure reduced reproductive capacity in SHM, across a 
range of environmental conditions.  These data suggest that oil spill risk assessments that fail to 
consider other environmental stressors (i.e. hypoxia and salinity) may be underestimating risk. 
 
Keywords: Deepwater Horizon Oil Spill; HEWAF; polycyclic aromatic hydrocarbons (PAHs); 
aquatic toxicology; combined stressors; hypoxia  
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4.2. Introduction 
The explosion of the Deepwater Horizon (DWH) oil exploration platform on April 20, 
2010 began a catastrophic leak of crude oil into the northern Gulf of Mexico (GOM) that became 
the largest marine oil spill in United States history (McNutt et al., 2012).  Approximately 640 
million liters of crude oil flowed into the GOM, creating an oil slick that covered more than 
112,000 km2 of the ocean’s surface (Beyer et al., 2016).  Over the course of the three months the 
wellhead was leaking oil into the GOM, an estimated 1.7 x 1011 g of C1-C5 hydrocarbons were 
released into the water column (Reddy et al., 2012).  The spill also affected more than 2,100 km 
of coastline, including wetlands and estuaries that provide habitat and nursery for many aquatic 
species (Beyer et al., 2016; Nixon et al., 2016).  Coastlines of Texas, Louisiana, Mississippi, 
Alabama, and Florida were all impacted by oil slicks that washed ashore (Nixon et al., 2016).  In 
late April 2010, in an effort to limit the effects of oil on coastal habitats, the state of Louisiana 
initiated a massive diversion of freshwater from the Mississippi River into Barataria Bay and 
Breton Sound (Bianchi et al., 2011; Martínez et al., 2012).  These freshwater diversions 
significantly reduced salinities in the estuaries of the northern GOM (Bianchi et al., 2011; 
Powers et al., 2017), but it is still undetermined if this effort was effective in reducing oiling to 
the Louisiana coast (Martínez et al., 2012). 
 Estuaries of the northern GOM are dynamic environments, with constant fluctuations in 
salinity and dissolved oxygen.  Freshwater inflow from the Mississippi River causes a saline 
gradient in the estuaries that contributes to water stratification, usually during summer months 
(USEPA, 1999).  The combination of water stratification, excess nutrients from the Mississippi 
River watershed, and a seasonal increase in temperature that increases biochemical oxygen 
demand contributes to seasonal hypoxia in the estuaries of the GOM, when dissolved oxygen 
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levels drop below 2 mg/L (Diaz and Rosenberg, 2008; Thomas et al., 2007; USEPA, 2006).  In 
2010, the year the DWH oil spill occurred, the hypoxic zone of the GOM spanned 20,000 km2, 
along the coasts of Louisiana and eastern Texas (Turner et al., 2012). 
Sheepshead minnows (Cyprinodon variegatus; SHM) are small-bodied (<8 cm long) 
euryhaline fish native to shallow waters along the east coast of the United States (Bigelow and 
Schroeder, 1953), including estuaries of the northern GOM.  SHM have demonstrated a 
remarkable tolerance for wide ranges of salinities and dissolved oxygen levels (Nordlie, 2006).  
The isosmotic point for SHM has been reported to be 10.5 ppt (Adeyemi and Klerks, 2012).  
SHM are also used extensively for toxicology studies as model organisms for estuarine 
environments, including aquatic toxicity testing of effluents by the United States Environmental 
Protection Agency (USEPA, 2002). 
While fish can adapt to the environmental stress of variable estuarine conditions, it is not 
well understood how fish respond to the additional stress of oil exposure.  Species that resided 
and reproduced in these estuaries, including SHM, were at significant risk of oil exposure, which 
may have been exacerbated by the fluctuating environmental conditions of the estuaries.  Salinity 
is a particularly important environmental parameter to consider, as fish alter their method of 
osmoregulation in response to salinity changes, which will affect the route of exposure to oil 
components (Bosker et al., 2017a).  Fish hyperosmotic to the surrounding water perform 
osmoregulation primarily through the gills, while fish hypoosmotic to the surrounding water 
drink seawater to maintain osmotic balance (Bosker et al., 2017a; Evans, 1997).  Therefore, fish 
in higher salinities typically uptake contaminants through ingestion, while fish in lower salinity 
predominantly uptake contaminants through diffusion across the gills.  The route of exposure can 
have a major impact on contaminant accumulation as well as toxicity. 
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We have previously demonstrated that exposure to crude oil high-energy water 
accommodated fraction (HEWAF; an environmentally relevant PAH mixture), results in reduced 
egg production by SHM and developmental effects in two generations of offspring (Jasperse et 
al., 2019b).  Many other studies have also reported reproductive impairment in fish exposed to 
PAHs, including reduced egg production (Brown-Peterson et al., 2013; Raimondo et al., 2016; 
Vignet et al., 2016), reduced serum estradiol levels (Pollino et al., 2009) delayed spawning and 
spermiation (Khan, 2012), and altered testicular development (Sundt and Bjorkblom, 2011).  
However, it remains unknown how adverse environmental conditions common to estuarine 
environments affect the sensitivity of SHM to the reproductive effects of HEWAF.  The present 
study, therefore, investigated the effects of HEWAF on fish reproduction in three different 
environmental scenarios to determine if suboptimal environmental conditions exacerbate the 
effect of oil on somatic and reproductive endpoints. 
 
4.3. Methods 
4.3.1. Sheepshead minnow 
Sheepshead minnows were obtained from the University of Southern Mississippi, and 
bred to establish a colony at the University of Connecticut.  All fish housing protocols and 
experimental procedures were approved under University of Connecticut’s Institutional Animal 
Care and Use Committee (protocol A15-059).  Fish were housed in a 1500 L Mini Fish Farm 
(Pentair Aquatic Ecosystems, Apopka, FL).  Water conditions for housing were: temperature 25 
˚C, salinity 15 ppt, and dissolved oxygen 6 mg/L.  Water quality tests were performed routinely, 
including daily testing for temperature, salinity, and dissolved oxygen, and weekly testing for 
ammonia, nitrite, nitrate, and pH.  Water changes were performed when water quality 
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measurements were outside normal ranges (ammonia: 0-1 ppm, nitrites: 0-0.5 ppm, nitrates: 0-
160 ppm).  Adult fish were fed standard commercial flaked food during housing.   
 
4.3.2. Experimental conditions 
Three independent experiments were performed to assess the effect of HEWAF on SHM 
reproductive and somatic endpoints using three different environmental scenarios. The three 
experiments spanned a 1-yr period and utilized fish from multiple cohorts.  The three scenarios 
were normoxic (NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS).  Water 
temperature was maintained at 30 ˚C for all three scenarios.  Dissolved oxygen levels were 6 
mg/L for the normoxic exposure and 2.5 mg/L for both hypoxic exposures.  Salinity was kept at 
15 ppt for NORM and HYP scenarios and 10 ppt for the HYP-LS exposure.  These salinities 
were chosen to match experiments previously performed testing the effects of HEWAF on SHM 
reproduction (Hedgpeth and Griffitt, 2016) and early life stage development (Griffitt, 2017; 
Simning, 2017).  The SHM were hypoosmotic in the NORM and HYP scenarios, and near 
isoosmotic in the HYP-LS scenario.  Importantly, the water conditions of all scenarios were 
within normal ranges of the northern Gulf of Mexico (USEPA, 1999).  During reproductive 
experiments, adult fish were fed flaked food (Aquatox Flake, Zeigler, Gardners, PA) twice a day 
and freshly hatched brine shrimp (Artemia salina) nauplii once a day. 
 
4.3.3. High-energy water accommodated fraction (HEWAF) preparation 
HEWAF was prepared according to protocols previously described (Incardona et al., 
2013).  Importantly, HEWAF has been demonstrated to be more similar than traditional WAF to 
the chemical composition of whole oil (Sandoval et al., 2017).  Louisiana sweet crude (LSC) oil 
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(surrogate, SO-20111116-MPDF-003) was supplied by British Petroleum.  Oil was mixed with 3 
L artificial seawater (15 ppt; Instant Ocean®, Blacksburg, VA, USA) in a Waring CB15 high-
speed commercial blender (Torrington, CT, USA) at 1 g oil/L seawater for 1 min on low speed.  
The HEWAF was prepared in 7 batches (total of 21 L), poured into a 23-L glass carboy, and 
allowed to settle for 1 h.  A peristaltic pump was used to collect HEWAF from the carboy, 
avoiding the oil-water interface.  The HEWAF was mixed with artificial seawater in header tanks 
at dilutions (v/v) of 0% (no HEWAF; control), 1.25% (low HEWAF), and 12.5% (high 
HEWAF).  Diluted HEWAF flowed into individual exposure tanks by passive flow.  The flow-
through exposure system required approximately 33 L of HEWAF daily.  HEWAF for the HYP-
LS scenario was prepared as described above, but with 10 ppt artificial seawater.  
 
4.3.4. Chemical analyses 
For a subset of HEWAF preparations (NORM n=5; HYP n=5; HYP-LS n=2), a 500 mL 
sample of stock HEWAF was kept for chemical analysis by gas chromatography tandem mass 
spectroscopy (GC-MS/MS) to determine the polycyclic aromatic hydrocarbon (PAH) 
composition using methods previously described (Rodgers et al., 2018).  Briefly, HEWAF 
samples were passed across a methanol-conditioned Waters HLB SPE cartridge, eluted with 
acetonitrile, then analyzed using an Agilent 6890 gas chromatograph with Restek Rxi-5Sil MS 
column with splitless injection coupled to a Waters Quattro Micro tandem MS.  An internal 
standard was used to quantify all peaks, and efficiency of extraction was assessed using 
surrogate standards.  Standard quality assurance procedures were utilized, including analysis of 
duplicate samples, method blanks, matrix spike duplicates, and laboratory control samples.  
Reporting limits are shown in Table S1.  Parent PAHs benzo(b)fluoranthene, 
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benzo(k)fluoranthene, benzo(a)pyrene, dibenz(a,h)anthracene, indeno(1,2,3-cd)pyrene, and 
benzo(g,h,i)perylene were below limit of detection for all analyses. 
Additionally, to evaluate the hydrocarbon exposure in the individual exposure tanks of 
the experimental system, a small sample of water (9 ml) was collected from each tank on each 
day of the 14 d exposure and preserved 1:1 in ethanol.  Water samples were sonicated for 3 min 
to reduce PAH adhesion to the glass vial, and then analyzed on a fluorescence spectrophotometer 
using an excitation wavelength of 270 nm and emission range of 280-500 nm to detect total 
petroleum hydrocarbons (TPHs), including 2- to 4-ring aromatic hydrocarbons (Kim et al., 
2010).  The fluorescence of a control sample of artificial seawater from the control header tank 
(also preserved 1:1 with ethanol) was subtracted from tank samples to control for differences in 
salinity between experiments.  The fluorescence detection method provided a fast and cost-
effective alternative to GC/MS, and has been routinely used to monitor and characterize oil 
exposure (Kim et al., 2010).  The fluorescence method of detection of TPHs is complimentary to, 
but not directly correlated with, concentrations of PAHs measured in stock HEWAF samples by 
GS-MS/MS.  TPH concentrations were measured in water samples taken directly from exposure 
tanks, and therefore could have been influenced by uptake of hydrocarbons by fish. 
 
4.3.5. Reproductive test – acclimation and pre-exposure 
Adult SHM (>120 dph) were randomly assigned to 20 L glass aquaria, with three females 
and two males per tank (Cripe et al., 2009), as ascertained by sexually dimorphic SHM 
coloration (Page and Burr, 1991).  Experimental tanks were set up on a flow-through system, 
similar to systems previously described (Jasperse et al., 2019b; Manning et al., 1999).  The flow-
through system provided two turnovers of water per day, in order to maintain water quality and 
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consistent oil exposure levels.  Temperature was controlled by placing the tanks in a heated 
water bath, and temperature was monitored daily.  Instant Ocean® was used to produce artificial 
seawater, and was monitored using a Sybon Opticon Series FG100sa refractometer (Bethesda, 
MD, USA).  For the NORM scenario, dissolved oxygen was maintained by bubbling oxygen into 
the individual exposure tanks.  For the HYP and HYP-LS scenarios, a header tank of seawater 
was sparged with nitrogen (N2) to reduce dissolved oxygen levels.  Dissolved oxygen was 
monitored daily in a subset of the experimental tanks using YSI 5420 sensors (YSI Incorporated, 
Yellow Springs, OH).  Measured conditions for the NORM scenario were: temperature 29.8 ± 
0.2 ˚C (mean ± SD), dissolved oxygen 5.6 ± 0.9 mg/l, and salinity 15 ± 1 ppt.  Measured 
conditions for the HYP scenario were: temperature 29.8 ± 0.2 ˚C, dissolved oxygen 2.6 ± 0.6 
mg/l, and salinity 15 ± 1 ppt.  Measured conditions for the HYP-LS scenario were: temperature 
29.8 ± 0.2 ˚C, dissolved oxygen 2.9 ± 0.5 mg/l, and salinity 10 ± 1 ppt. 
Acclimation to the experimental conditions was achieved by gradually changing water 
parameters over a 10-d period.  Following acclimation, a 10-d pre-exposure period was 
performed to establish baseline egg production and determine exposure groups (Bosker et al., 
2009).  During the pre-exposure, a breeding net made of a PVC ring with fine nylon mesh (335 
µm) was placed into each tank to provide a spawning substrate for female fish.  The breeding 
nets were removed daily to allow for enumeration of eggs spawned in each tank, then rinsed to 
remove eggs, and returned to the tank.  During this pre-exposure period, eggs were not assessed 
for fertilization or hatching success.  Tanks were distributed among treatment groups (6 tanks per 
treatment), following guidelines (Bosker et al., 2009) to ensure that any changes in egg 
production between treatments during the exposure period were due to exposure, not to natural 
variation in egg production between fish.   
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4.3.6. Reproductive endpoints 
Eggs were collected daily from breeding nets throughout the 14-d HEWAF exposure to 
determine cumulative egg production (CEP).  Egg production data were expressed per female to 
account for discrepancies in the 3 females to 2 males ratio, either from mortality of a fish during 
exposure, or misidentification of sex based on dimorphic coloration (3% misidentification rate).  
More specifically, during tank assignment, six male fish lacking the traditional blue coloration 
and caudal fin black stripe of mature male SHM were misidentified as females, and one female 
fish displaying partial male coloration was misidentified as male.  Sex was confirmed during 
necropsy when reproductive organs could be dissected and visualized.  Egg production values 
from each tank were then divided by the number of females in each tank. 
On exposure days 7, 10, and 13, eggs were collected and kept in embryo cups (a cylinder 
of nylon mesh adhered to a petri dish) in tanks with clean, aerated artificial seawater (15 ppt) for 
determination of fertilization rate, a measure of male reproductive capacity.  A maximum of 50 
eggs were kept per embryo cup, with one embryo cup per tank.  Fertilization rate was determined 
2 days after egg collection by visualizing developing embryos using an inverted stereo 
microscope (Axiovert 200M, Zeiss, CITY, Germany). 
 
4.3.7. Somatic endpoints 
Following the 14-d exposure, fish were netted and anaesthetized with 0.1 g/L buffered 
tricaine methanesulfonate (MilliporeSigma, Burlington, MA), and standard length and wet 
weight determined.  Fish were then euthanized by spinal severance (American Veterinary 
Medical Association, 2013) and dissected to remove liver and gonad, which were weighed to 
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determine liver and gonad somatic indices (LSI: liver somatic index; GSI: gonad somatic index) 
for each individual fish.  Somatic index was calculated as (organ wt/body wt) x 100. 
 
4.3.8. PAH body burdens 
Fish carcasses (without livers and gonads) were analyzed for 16 parent PAHs and 8 alkyl 
PAHs.  PAHs were extracted using the QuEChERs (Quick, Easy, Cheap, Effective, Rugged, and 
Safe) method (Johnson, 2012) in water, followed by the addition of acetonitrile, clean-up with 
magnesium sulfate and sodium acetate, and centrifugation.  Extracts were then analyzed by ultra-
performance liquid chromatography/tandem mass spectrometry photodiode array detection 
(UPLC/MS/MS/PDA), as previously described (Paruk et al., 2013; Seegar et al., 2015; 
Yeudakimau et al., 2013).  Quality control data were within acceptable limits for all analyses.  
Reporting limits of parent PAHs are listed in Table S1.  Parent PAHs benzo(b)fluoranthene, 
benzo(k)fluoranthene, benzo(a)pyrene, dibenz(a,h)anthracene, indeno(1,2,3-cd)pyrene, and 
benzo(g,h,i)perylene were below limit of detection for all analyses and excluded from data 
tables. 
Bioconcentration factors (BCFs) were calculated as previously described (Jonsson et al., 
2004) using the equation BCF=CF/CW, where CF is the PAH concentration measured in fish 
tissue (without liver and gonads), and CW is the concentration of PAHs in seawater.  When PAHs 
were below detection limit in HEWAF but detectable in fish tissues, PAH concentration in 
HEWAF was set to half the reporting limit for calculation of BCFs. 
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4.3.9. Statistical analyses 
The different environmental scenarios were three related but independent experiments 
and were therefore analyzed with separate statistical analyses.  Survival curves were compared 
using log-rank tests.  Two-way repeated measures analyses of variance (RM-ANOVAs) with 
Holm-Sidak test were used to determine differences in average egg production during pre-
exposure and exposure periods of the reproductive test.  One-way analyses of variance 
(ANOVAs) with Holm-Sidak test were used to determine differences between each HEWAF 
exposure and control for somatic endpoints, cumulative egg production, and fertilization rates.  
One-way ANOVAs with Holm-Sidak test were used to determine differences in BCFs among 
scenarios.  Normality was assessed using Kolmogorov–Smirnov test, and equal variance was 
tested with the Levene median test.  A one-way ANOVA on Ranks with Dunn’s test was used 
when data violated normality assumptions.  Correlation analyses of PAH body burdens and 
experimental endpoints with statistically significant differences between exposures were 
performed using Pearson Product Moment Correlation.  Body burden data were pooled 
separately for males and females, into the number of tissue pools indicated in Table 2.  Control 
fish were not included in the correlation analyses, as they had no variability in PAH body 
burdens (all below reporting limit).  All analyses were performed using SigmaStat 3.5 software 
(Systat Software, San Jose, CA), using an alpha level of 0.05 for statistical significance.  All data 
were presented as mean ± standard error of the mean (SEM), unless indicated otherwise. 
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4.4. Results 
4.4.1. Chemical analyses 
 Average total parent PAHs (tPAHs) for stock HEWAF was 137 ± 13 ng/mL for the 
NORM scenario, 119 ± 4 ng/mL for the HYP scenario, and 84 ± 5 ng/mL for the HYP-LS 
scenario (Table 1).  All HEWAF samples were predominantly comprised of naphthalene and 
alkylated naphthalene compounds.  The HEWAFs had similar levels of parent PAHs and alkyl 
PAHs, with alkyl:parent PAH ratios of approximately 1.  Based on the measured mean tPAH 
concentration, the 1.25% HEWAF dilution (“low HEWAF”) was determined to be 1.7, 1.5, and 
1.1 ng/mL tPAHs for NORM, HYP, and HYP-LS scenarios, respectively.  The 12.5% HEWAF 
dilution (“high HEWAF”) was determined to be 17, 15, and 10.5 ng/mL tPAHs for NORM, 
HYP, and HYP-LS scenarios, respectively. 
Daily quantification of TPH in individual tanks of SHM measured using fluorescence 
indicated that exposure remained relatively steady throughout the 14 d exposure, and consistent 
between tanks of the same dilution (Figure S1).  Moreover, fluorescence appeared to be similar 
across scenarios for tanks of the same exposure.  As expected, fluorescence values indicated that 
TPH concentration was 8-11 times higher in high HEWAF exposure compared to the low 
HEWAF exposure.  
Body burdens of parent and alkyl PAHs in SHM following exposure to low or high 
HEWAF are summarized in Table 2.  For each scenario, fish from control tanks were pooled and 
all PAHs analyzed were below the limit of detection.  Similar to stock HEWAF samples, body 
burdens of tPAHs in fish from low HEWAF exposure were highest in fish exposed in the NORM 
scenario, followed closely by HYP, and much lower in fish from HYP-LS (Table 2).  Body 
burdens of tPAHs in female fish following high HEWAF exposure were higher in the HYP and 
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HYP-LS scenarios than in the NORM scenario.  Body burdens of tPAHs in male fish following 
high HEWAF exposure were highest in the HYP scenario and about 30-40% lower in the NORM 
and HYP-LS scenarios.  In contrast to the equal ratio of alkyl:parent PAHs in HEWAF, body 
burden data indicates an increased proportion of alkylated PAHs in fish tissue. 
 To facilitate the interpretation of differing body burdens given differing water 
concentrations among environmental scenarios, bioconcentration factors of PAHs (based on 
whole fish without livers and gonads) are reported in Table 3.  The alkyl:parent PAH ratio of 
BCFs indicated that, across all scenarios, fish preferentially bioconcentrated alkyl PAHs.  
Moreover, fish exposed to low HEWAF in the HYP scenario had alkyl:parent PAH ratios 
approximately twice as high as fish exposed in the NORM scenario, suggesting that hypoxia 
tended to increase the bioconcentration of alkyl PAHs.  Fish exposed to HEWAF in the HYP 
scenario had significantly higher BCFs for several parent and alkyl PAHs, compared to fish 
exposed in the NORM scenario (Table 3).  In the HYP scenario, acenaphthene and anthracene 
were below detection limit in HEWAF, but detected in high levels in fish tissues, indicating 
substantial bioconcentration of these compounds in hypoxic conditions.  In the HYP-LS 
scenario, phenanthrene and anthracene were below detection limit in HEWAF, but detected in 
high levels in fish tissues, demonstrating substantial bioconcentration of these compounds in 
conditions of combined hypoxia and low salinity.  Interestingly, hypoxia tended to reduce 
bioconcentration of high molecular weight alkyl PAHs (Table 3), suggesting that the effect of 
hypoxia on bioconcentration depends on the specific size or structural properties of the PAH. 
Female fish exposed to low HEWAF in the HYP-LS scenario had significantly lower 
bioconcentration of tPAHs compared to females exposed in the NORM and HYP scenario 
(p<0.001).  Low salinity also appeared to affect the bioconcentration of alkyl PAHs, though the 
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pattern was not consistent across compounds.  Fish exposed to low or high HEWAF in the HYP-
LS scenario had significantly lower BCFs of total alkyl PAHs (low HEWAF: p<0.001; high 
HEWAF p=0.013), as well as several low molecular weight alkyl PAHs, compared to fish 
exposed in the HYP scenario.  Alternatively, fish exposed to high HEWAF in the HYP-LS 
scenario had significantly higher BCFs of high molecular weight alkyl PAHs, compared to fish 
exposed in other environmental scenarios. 
 
4.4.2. Survival 
Exposure to HEWAF resulted in minimal mortality, with an average survival rate of 96% 
across all exposures (Figure S2).  There were no significant differences in survival of SHM 
throughout the reproductive test in the NORM (p=0.366) or HYP (p=1.00) scenarios.  In the 
HYP-LS scenario, high HEWAF exposure resulted in a survival rate of 87% over the 14-d 
exposure, which was significantly lower than controls (p=0.04). 
 
4.4.3. Somatic endpoints 
 Morphometrics following HEWAF exposure in different scenarios are described in Table 
4.  There were no significant effects of HEWAF exposure on length, weight, or GSI.  In the 
NORM and HYP scenarios, both male and female SHM exposed to high HEWAF had 
significantly increased LSI compared to controls.  Additionally, in the HYP scenario, low 
HEWAF exposure also resulted in increased LSI in male fish.  In the HYP-LS scenario, there 
were no significant changes in female morphometrics, but males exposed to high HEWAF had 
significantly increased LSI. 
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4.4.4. Reproductive endpoints – egg production 
 There were no significant differences in average egg production during the pre-exposure 
period in any scenario.  In all three scenarios, high HEWAF resulted in significantly lower 
average egg production during the exposure period compared to the same tanks during the pre-
exposure period (Figure 2A-C).  Within the HYP-LS scenario, but not the NORM or HYP 
scenarios, high HEWAF also resulted in significantly lower average egg production during the 
exposure period compared to control tanks (Figure 2A-C).  Both control and low HEWAF fish in 
the HYP-LS scenario produced significantly more eggs in the exposure period compared to the 
pre-exposure period.  This may suggest that fish took longer than the 10-d pre-exposure period to 
fully adjust to low salinity and optimize egg production. 
The effect of HEWAF on cumulative egg production (CEP) over the 14 d exposure is 
shown to demonstrate kinetics of reproductive effects over time in the different environmental 
scenarios (Figure 2D-F).  In the NORM scenario, there were no significant differences in CEP 
between low or high HEWAF exposure and controls. (Figure 2D).  However, exposure to high 
HEWAF significantly reduced CEP in the HYP scenario (41% reduction; Figure 2E) and HYP-
LS scenario (65% reduction; Figure 2F).  
 
4.4.5. Reproductive endpoints – fertilization rate 
 Fertilization was analyzed in eggs collected from breeding nets on days 7, 10, and 13 of 
HEWAF parental exposure.  For the NORM scenario, data from eggs collected on day 13 were 
excluded from analyses because of a water heater malfunction.  In the NORM scenario, HEWAF 
exposure did not significantly affect fertilization rate of eggs collected on day 7 or 10 of parental 
exposure (Figure 3A).  In the HYP scenario, high HEWAF exposure significantly reduced 
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fertilization rate compared to controls in eggs collected on day 10 and 13 of parental exposure, 
but not in eggs collected on day 7 (Figure 3B).  In the HYP-LS scenario, high HEWAF exposure 
reduced fertilization rate compared to controls in eggs collected on days 7, 10, and 13 of parental 
exposure (Figure 3C).  Furthermore, low HEWAF also significantly reduced fertilization rate of 
eggs collected on day 7 of parental exposure in the HYP-LS scenario.  
 
4.4.6. Correlation analyses 
  Fertilization rate of eggs collected on day 10 of parental exposure was negatively 
correlated with body burdens of PAHs in male fish in both the HYP and HYP-LS scenarios 
(Table 5).  In the HYP scenario, fertilization rate was negatively correlated with body burdens of 
tPAHs, five parent PAHs, total alkyl PAHs, and all eight alkyl PAHs.  In the HYP-LS scenario, 
fertilization rate was negatively correlated with body burdens of naphthalene and acenaphthene, 
total alkyl PAHs, and 3 alkyl PAHs.  Within the NORM scenario, LSI was positively correlated 
with body burdens of tPAHs, 5 of the 7 parent PAHs detected in tissues, total alkyl PAHs, and 6 
of the 8 alkyl PAHs (Table 5).  Within the HYP-LS scenario, CEP was negatively correlated 
with body burdens of tPAHs, 3 parent PAHs, and 3 alkyl PAHs in female fish.  Graphic 
representations of correlations of significantly altered endpoints with tissue tPAHs are shown in 
Figure S3.  
   
4.5. Discussion 
 The present study demonstrated that HEWAF exposure modulated morphometric 
parameters (LSI) as well as reproductive fitness (egg production and fertilization rate) in SHM.  
Correlation analyses supported a relationship between body burdens of PAHs and these 
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endpoints, suggesting that oil exposure may contribute to altered liver size and reduced 
reproductive capacity in SHM in the present study.  Moreover, suboptimal environmental 
scenarios appeared to exacerbate the toxicity of HEWAF (increased mortality in HYP-LS 
scenario), and the severity of reproductive effects, supporting prior research that environmental 
conditions affect how fish respond to oil exposure (Hedgpeth and Griffitt, 2016; Rodgers et al., 
2018). 
While it is unknown precisely what level of oil exposure SHM experienced in the GOM, 
a publicly available database of tissue chemistry results from 32 Natural Resource Damage 
Assessment studies indicates that whole body tissue samples of numerous fish species (>400 
samples from >40 species) collected in the GOM between August 2010 and October 2011 had 
naphthalene concentrations ranging between 0 and approximately 100 ppb (BP Gulf Science 
Data, 2015).  The tissue concentrations of naphthalene in fish exposed to low HEWAF in the 
present study fall near the upper range of concentrations measured in fish in the GOM following 
DWH, while fish exposed to high HEWAF were about 10-20 times higher.  It is possible that 
hydrocarbon concentrations in fish collected from the GOM would have been higher if samples 
were measured in times and areas of peak oiling.  For example, it has been estimated, based on 
transcriptomic signatures, that during peak oiling of Barataria Bay, LA, resident species were 
exposed to between 300 and 3000 ppb tPAHs (Pilcher et al., 2014).  Importantly, the tPAH 
exposure concentrations used in the present study (1.1 – 17 ppb) are within the range of 
concentrations measured in the GOM following DWH, as reported in the largest publicly 
available database of GOM water chemistry data (BP Gulf Science Data, 2016).  In sum, the 
HEWAF exposures of the present study appear to represent an environmentally realistic 
exposure for SHM in the GOM following the DWH oil spill. 
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 Body burdens of PAHs and BCFs were assessed at the end of the 14-d exposure, and 
therefore represent the net result of dynamic processes such as absorption, metabolic 
biotransformation, and excretion of the hydrocarbons that were occurring throughout the 
exposure period (Arnot and Gobas, 2006; Heath, 1995).  The removal of livers and gonads from 
SHM prior to chemical analyses limited the interpretation of body burdens and BCFs between 
male and female fish.  However, livers and gonads were removed from all fish in all scenarios, 
which allowed for comparisons of body burdens and BCFs among scenarios.  There is strong 
evidence that SHM absorbed PAHs from the water in all environmental scenarios, given the 
detection of parent and alkyl PAHs in exposed fish but not in control fish.  Moreover, fish 
exposed to high HEWAF had increased LSI in all scenarios except for females exposed in the 
HYP-LS scenario, suggesting that the combination of hypoxia and low salinity reduced the 
sensitivity of female fish to increased LSI upon exposure to high HEWAF.  Increased liver size 
is a well-documented response of fish to petroleum hydrocarbon exposure, and is hypothesized 
to be an adaptive response to increase capacity to metabolize the hydrocarbon compounds 
(Heath, 1995).  Increased LSI was recently observed following exposure of juvenile southern 
flounder (Paralichthys lethostigma) to a sediment-oil mixture (Brown-Peterson et al., 2015).  
The highest body burdens in SHM tended to be alkyl PAHs, particularly methylated and 
dimethylated naphthalene compounds, and the sum of alkyl PAHs were 2-6 times higher than the 
sum of parent PAHs in tissues, when they were in similar proportions in water, suggesting the 
possibility of metabolism of parent compounds in fish tissues (compatible with increased LSI) or 
preferential uptake of alkyl PAHs from water.  Alkyl PAHs are generally less water soluble 
(more lipophilic) and have a stronger tendency to bioaccumulate in tissues (Irwin et al., 1997).  
The bioaccumulation of PAHs is related to the octanol-water partition coefficient (Kow), such 
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that a compound with a high Kow, indicating high hydrophobicity, would have increased potential 
for bioaccumulation and bioconcentration (Axelman et al., 1995).    Importantly, alkylated PAHs 
are considered more acutely toxic than the parent PAH compound (Irwin et al., 1997; Mu et al., 
2014; Turcotte et al., 2011), in terms of direct mortality and sub-lethal effects, including 
increased frequency of abnormal embryos (Turcotte et al., 2011). 
Given that body burdens and water concentrations both varied with the environmental 
conditions of the exposure, the relationship between the two will best be discussed using BCF, 
which integrates both variables.  In general, fish exposed to high HEWAF in the HYP scenario 
had increased bioconcentration of parent and alkyl PAHs, compared to fish exposed in the 
NORM scenario, indicating that hypoxia enhances the ability of SHM to absorb hydrocarbons or 
decreases their ability to metabolize PAHs.  The relationship of BCFs among environmental 
scenarios was more variable in response to low HEWAF exposure, suggesting that accumulation 
of PAHs is less predictable when concentrations of PAHs in the water are low.  It has previously 
been established that there is overlap between oil and hypoxia intracellular response pathways 
through a common dimerization partner, ARNT/HIF-1b, (Mandl and Depping, 2014), which 
suggests the potential for synergistic toxic effects (Whitehead, 2013).  Competition for this 
protein during periods of simultaneous exposure to oil and hypoxia could result in an impaired 
hypoxia response and/or reduced PAH metabolism, which may explain the higher levels of 
bioconcentration of PAHs in fish in the HYP scenario.  Increased BCFs of alkyl PAHs and 
increased alkyl:parent PAH ratios of fish exposed to low HEWAF in the HYP scenario suggest 
that metabolism of alkyl PAHs may be particularly sensitive to competition for ARNT/HIF-1b 
under hypoxic conditions. 
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Exposure to HEWAF in hypoxic and low salinity conditions (HYP-LS scenario) tended 
to reduce bioconcentration of most alkyl PAHs, particularly upon exposure to low HEWAF.  The 
relative bioconcentration of parent PAHs in the HYP-LS scenario, in relation to fish exposed in 
other scenarios, was less clear.  Salinity has been demonstrated to influence the solubility of 
hydrocarbons, such that as salinity decreases, bioavailability and uptake of PAHs increases 
(Ramachandran et al., 2006).  This suggests that BCFs of alkyl PAHs in fish from the HYP-LS 
scenario may have been reduced as a result of more efficient metabolism and/or excretion, rather 
than a reduction in uptake of alkyl PAHs from the water.  Importantly, as SHM exposed to 
HEWAF in the HYP-LS scenario were slightly hyperosmotic to the water, the primary route of 
uptake of PAHs was likely through the gills.  In contrast, SHM in the NORM and HYP scenarios 
were hypoosmotic to the brackish water, and therefore were exposed (at least in part) to PAHs 
through ingestion.  These different routes of uptake may also contribute to the different levels of 
bioconcentration of PAHs observed in the present study. 
In the present study, we demonstrated that HEWAF exposure in suboptimal 
environmental conditions resulted in exacerbation of HEWAF effects on reproduction of SHM, 
including both egg production and fertilization.  It is possible that due to overlap of hypoxia and 
hydrocarbon response pathways, SHM cellular responses to hypoxia reduced the ability of the 
fish to tolerate HEWAF exposure, resulting in more severe effects.  Synergistic toxicity of oil 
and hypoxia was previously demonstrated in zebrafish (Danio rerio) larvae exposed to PAH 
mixtures, resulting in more severe pericardial edema and mortality (Fleming and Di Giulio, 
2011).  Furthermore, a previous study of SHM demonstrated that hypoxia increased the severity 
of reproductive effects (decreased egg production) caused by HEWAF exposure (Hedgpeth and 
Griffitt, 2016). 
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The HYP-LS scenario exacerbated the reproductive effects of high HEWAF exposure to 
a larger magnitude than the HYP scenario, suggesting that SHM were more sensitive to HEWAF 
at a lower salinity (10 ppt vs 15 ppt).  Increased toxicity of PAHs at lower salinities has been 
well-documented in fish (Levitan and Taylor, 1979; Ramachandran et al., 2006; Shukla et al., 
2007), though none of the studies investigated reproductive toxicity.  Moreover, salinity has been 
shown to increase toxicity of HEWAF in Gulf killifish (Fundulus grandis) larvae, an estuarine 
fish species commonly found in the GOM, as HEWAF caused increased mortality at lower 
salinities (Rodgers et al., 2018).  It has also been previously reported that low salinity reduces 
reproduction (fewer offspring) in SHM (Dunson et al., 1998), and freshwater decreases embryo 
survival of Gulf killifish (Ramee and Allen, 2016), though these studies did not test salinity in 
combination with contaminant exposure.  Of note, the difference in salinity between the brackish 
(NORM and HYP) and low salinity (HYP-LS) scenarios in the present study was modest (5 ppt), 
to determine the impact of a relatively slight fluctuation in salinity.  It is possible that a lower 
salinity, at or near freshwater, would result in even greater exacerbation of effects than was 
demonstrated in the present study.  Furthermore, it has been demonstrated that fish reproduction 
is more sensitive to endocrine disrupting chemicals in freshwater compared to saline conditions 
(Bosker et al., 2017a), suggesting that it is possible for PAHs to act in a similar manner.   
In sum, the environmental scenario played an important role in the severity of the effects 
of HEWAF exposure.  Results from the present study suggest that SHM in areas of the GOM 
that experienced adverse environmental conditions during the DWH oil spill may have been at 
increased risk for reproductive effects from oil exposure.  These reproductive effects could have 
population level impacts that could have lasting effects on GOM estuaries.  These data also 
suggest that oil spill risk assessments that fail to consider other naturally occurring 
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environmental stressors (i.e. hypoxia and salinity) may be underestimating risk.  Moreover, data 
from the present study provide valuable information to inform remediation efforts following a 
future oil spill. 
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4.7. Tables and Figures 
Table 1. Chemical composition of stock high-energy water accommodated fraction (HEWAF) 
among three environmental scenarios: normoxic (NORM), hypoxic (HYP), and hypoxic with 
low salinity (HYP-LS).  All stock HEWAF samples were prepared with a loading rate of 1 g 
oil/L seawater.  The HEWAFs were prepared with 15 ppt seawater for the NORM and HYP 
scenarios and 10 ppt for the HYP-LS scenario.  Samples were analyzed using gas 
chromatography-tandem mass spectrometry (GC-MS/MS) and are expressed as mean ± standard 
error in ng/ml (n=5 for NORM and HYP, n-2 for HYP-LS).  Benzo(b)fluoranthene, 
benzo(k)fluoranthene, benzo(a)pyrene, dibenz(a,h)anthracene, indeno(1,2,3-cd)pyrene, and 
benzo(g,h,i)perylene were below limit of detection for all samples.  Data for NORM scenario are 
reprinted from (Jasperse et al., 2019b).  PAH = polycyclic aromatic hydrocarbon; ND = not 
detected. 
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Stock HEWAF 
NORM 
ng/ml 
n=5 
HYP 
ng/ml 
n=5 
HYP-LS 
ng/ml 
n=2 
Pa
re
nt
 P
A
H
 
Total Parent PAHs 137 ± 13 119 ± 4 84 ± 5 
Naphthalene 119 ± 13 108 ± 4 79 ± 4 
Acenaphthylene ND ND ND 
Fluorene 7 ± 1 5 ± 1 3 ± 0.4 
Acenaphthene 1 ± 0.1 ND 2 ± 0.1 
Phenanthrene 8 ± 1 6 ± 1 ND 
Anthracene 3 ± 0.2 ND ND 
Fluoranthene ND ND ND 
Pyrene ND 0.2 ± 0.01 ND 
Chrysene 0.2 ± 0.1 0.2 ± 0.02 ND 
Benzo(a)anthracene 0.4 ± 0.02 ND ND 
A
lk
yl
 P
A
H
 
Total Alkyl PAHs 125 ± 5 122 ± 4 102 ± 5 
2-methylnaphthalene 42 ± 2 40 ± 1 43 ± 1 
2,6-dimethylnaphthalene 14 ± 1 12 ± 1 12 ± 1 
1,3-dimethylnaphthalene 34 ± 1 28 ± 1 26 ± 1 
1,5-dimethylnaphthalene 13 ± 1 11 ± 1 14 ± 1 
2,3,5-trimethylnaphthalene 2 ± 0.2 6 ± 0.3 1 ± 0.2 
1-methylfluorene 4 ± 0.4 7 ± 0.4 2 ± 0.2 
3-methylphenanthrene 5 ± 1 8 ± 1 1 ± 0.02 
9-methylphenanthrene 11 ± 1 10 ± 1 3 ± 0.03 
 Alkyl:Parent PAH Ratio 0.9 1.0 1.2 
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Table 2.  Body burdens (without livers and gonads) of polycyclic aromatic hydrocarbons (PAHs) 
in sheepshead minnow following 14-d exposure to low (1.25%) or high (12.5%) high-energy 
water accommodated fraction (HEWAF) in three different environmental scenarios: normoxic 
(NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS).  Samples were analyzed 
using ultra-performance liquid chromatography/tandem mass spectrometry photodiode array 
detection.  Body burdens are expressed as mean ± standard error in ng/g.  Sample size (n) 
indicated in the table represents the number of tissue pools analyzed.  Fish from control tanks 
were pooled and below the detection limit for all PAHs analyzed (data not shown).  
Acenaphthylene, Fluoranthene, Pyrene, Benzo(b)fluoranthene, benzo(k)fluoranthene, 
benzo(a)pyrene, dibenz(a,h)anthracene, indeno(1,2,3-cd)pyrene, and benzo(g,h,i)perylene were 
below limit of detection for all samples.  Data for NORM scenario are reprinted from (Jasperse 
et al., 2019b).  
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Table 3. Bioconcentration factors (BCFs) for sheepshead minnow exposed to high-energy water 
accommodated fraction (HEWAF) for 14 days in three different environmental scenarios.  The 
BCFs were calculated using the equation BCF=CF/CW, where CF was the polycyclic aromatic 
hydrocarbon (PAH) concentration measured in fish tissue (without livers and gonads), and CW 
was the concentration of PAHs in the seawater.  Water concentrations of low and high HEWAF 
were calculated as 1.25% and 12.5% of measured stock HEWAF concentrations, respectively.  
Sample size (n) indicated in the table represents the number of tissue pools analyzed.  Data for 
NORM scenario are reprinted from (Jasperse et al., 2019b).  *, indicates significant difference 
from NORM scenario (p<0.05), using one-way ANOVA with Holm-Sidak test.  ^, indicates 
significant difference from HYP scenario (p<0.05), using one-way ANOVA with Holm-Sidak 
test.  NORM: normoxic; HYP: hypoxic; HYP-LS: hypoxic with low salinity.  ND: not detected 
in fish tissue.  CNC: “could not calculate” BCF, when PAH was below limit of detection in 
HEWAF, but detected in fish tissue. 
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Table 4. Somatic measurements of sheepshead minnow following 14-d exposure to high-energy 
water accommodated fraction (HEWAF) in three different environmental scenarios: normoxic 
(NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS).  Somatic indices were 
calculated as (organ wt/body wt) x 100.  Data are expressed as mean ± standard error.  Sample 
size (n) is indicated in the table.  Data for NORM scenario are reprinted from (Jasperse et al., 
2019b).  Asterisks indicate significant difference from control (p < 0.05), using one-way 
ANOVA with Holm-Sidak test. 
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Scenario Sex HEWAF n Length (mm) 
Weight 
(g) LSI GSI 
N
O
R
M
 
Fe
m
al
e Control 17 36 ± 1 2.58 ± 0.40 2.07 ± 0.26 3.31 ± 0.45 
Low 15 37 ± 1 2.36 ± 0.41 2.88 ± 0.35 4.14 ± 0.46 
High 17 38 ± 1 1.91 ± 0.20 3.72 ± 0.39* 4.34 ± 0.79 
M
al
e Control 
13 43 ± 1 3.51 ± 0.58 1.99 ± 0.35 0.44 ± 0.15 
Low 13 44 ± 2 4.58 ± 0.62 1.83 ± 0.16 0.39 ± 0.06 
High 12 42 ± 2 2.63 ± 0.40 3.16 ± 0.31* 0.44 ± 0.07 
H
Y
P Fe
m
al
e Control 18 37 ± 1 2.02 ± 0.16 1.96 ± 0.16 2.32 ± 0.21 
Low 18 37 ± 1 1.77 ± 0.14 2.32 ± 0.20 3.20 ± 0.29 
High 17 38 ± 1 1.87 ± 0.15 3.11 ± 0.34* 2.97 ± 0.33 
M
al
e Control 
11 45 ± 1 3.75 ± 0.30 1.12 ± 0.18 0.37 ± 0.04 
Low 11 45 ± 2 3.75 ± 0.40 1.76 ± 0.19* 0.42 ± 0.05 
High 12 44 ± 2 3.33 ± 0.36 2.13 ± 0.11* 0.42 ± 0.05 
H
Y
P-
LS
 
Fe
m
al
e  Control 17 30 ± 1 0.99 ± 0.06 3.11 ± 0.29 4.46 ± 0.47 
Low 18 32 ± 1 1.22 ± 0.13 3.26 ± 0.21 3.87 ± 0.37 
High 18 31 ± 1 0.94 ± 0.07 3.53 ± 0.48 4.02 ± 0.50 
M
al
e Control 
13 42 ± 1 2.63 ± 0.24 1.30 ± 0.19 0.64 ± 0.11 
Low 12 43 ± 1 2.85 ± 0.24 1.62 ± 0.23 0.69 ± 0.07 
High 8 40 ± 2 2.10 ± 0.26 2.36 ± 0.27* 0.72 ± 0.09 
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Table 5. Correlation coefficient (r) of statistically significant experimental endpoints in 
normoxic (NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS) scenarios with 
body burdens of polycyclic aromatic hydrocarbons (PAHs) in sheepshead minnow exposed to 
high-energy water accommodated fraction (HEWAF).  P values are in italics.  All values in the 
table are statistically significant using Pearson Product Moment Correlation (p < 0.05).  Data for 
the normoxic scenario are reprinted from (Jasperse et al., 2019b).  NS: no significant correlation.  
“-“ :indicates PAHs were not detected in fish tissue and therefore could not be tested for 
correlation with endpoints. 
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NORM HYP HYP-LS 
Liver 
Somatic 
Index 
Fertilization 
Rate Day 10 
Cumulative 
Egg 
Production 
Fertilization 
Rate Day 10 
Pa
re
nt
 P
A
H
 
Total Parent PAHs 0.493         
0.014 
-0.657        
0.020 
-0.814         
0.049 
NS 
Naphthalene 0.483         
0.017 
-0.672         
0.017 
-0.848         
0.033 
-0.847         
0.033 
Acenaphthylene - - - - 
Fluorene 0.652         
0.001 
-0.667         
0.018 
-0.814         
0.049 
NS 
Acenaphthene NS -0.646         
0.023 
-0.91         
0.012 
-0.878         
0.021 
Phenanthrene 0.493         
0.014 
-0.688         
0.013 
NS NS 
Anthracene 0.426         
0.038 
-0.626         
0.030 
NS NS 
Fluoranthene - - - - 
Pyrene - - - - 
Chrysene 0.482 
0.017  
NS - - 
Benzo(a)anthracene NS NS - - 
A
lk
yl
 P
A
H
 
Total Alkyl PAHs 0.486 
0.016 
-0.680 
0.015 
NS -0.831 
0.041 
2-methylnaphthalene 0.498         
0.013 
-0.605         
0.037 
NS -0.850         
0.032 
2,6-dimethylnaphthalene 0.481         
0.017 
-0.696         
0.012 
-0.857         
0.029 
-0.873         
0.023 
1,3-dimethylnaphthalene 0.476         
0.019 
-0.686         
0.014 
NS NS 
1,5-dimethylnaphthalene 0.504         
0.012 
-0.686         
0.014 
-0.860         
0.028 
-0.848         
0.033 
2,3,5-trimethylnaphthalene 0.539         
0.001 
-0.704         
0.011 
NS NS 
1-methylfluorene 0.405         
0.049 
-0.701         
0.011 
NS NS 
3-methylphenanthrene NS -0.658         
0.020 
NS NS 
9-methylphenanthrene NS -0.685         
0.014 
-0.813         
0.049 
NS 
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Figure 1.  Effect of high-energy water accommodated fraction (HEWAF) exposure on egg 
production of sheepshead minnow in three different environmental scenarios: normoxic 
(NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS).  A-C) Average egg 
production per female per day during the pre-exposure (10 d) and exposure (14 d) periods in 
NORM (A), HYP (B), and HYP-LS (C) scenarios.  Different letters indicate significant 
differences using two-way RM ANOVA with Holm-Sidak test (p < 0.05).  D-F) Cumulative egg 
production per female during exposure to HEWAF in NORM (D), HYP (E), and HYP-LS (F) 
scenarios.  Asterisks indicate significant differences from control at the end of the HEWAF 
exposure period, using one-way ANOVA with Holm-Sidak test (p < 0.05).  All data are 
expressed as mean ± standard error.  n= 6 tanks per treatment, with 3 females and 2 males per 
tank.  Data for the normoxic scenario are reprinted from (Jasperse et al., 2019b). 
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Figure 2.  Effect of high-energy water accommodated fraction (HEWAF) on fertilization rate of 
embryos produced by sheepshead minnow exposed in three different environmental scenarios: 
(A) normoxic (NORM), (B) hypoxic (HYP), and (C) hypoxic with low salinity (HYP-LS).  
Fertilization rate was assessed 2 d post spawning in eggs collected following 7, 10, and 13 days 
of parental HEWAF exposure.  Asterisks indicate a significant difference from control within 
scenarios and egg collections.  All data are expressed as mean ± standard error and were 
analyzed using one-way ANOVA with Holm-Sidak test (p < 0.05).  Sample sizes (number of 
tanks) are indicated by the data labels in the figure.  Data for the normoxic scenario are reprinted 
from (Jasperse et al., 2019b).  n.d. = no data. 
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4.8. Supplementary Tables and Figures 
Table S1.  Reporting limits of parent and alkyl polycyclic aromatic hydrocarbons (PAHs) 
measured in water (high-energy water accommodated fraction; HEWAF) and tissue samples 
following 14-d exposure of sheepshead minnow to HEWAF.  Water samples were analyzed 
using gas chromatography tandem mass spectroscopy (GC-MS/MS), and tissue samples were 
analyzed using ultra-performance liquid chromatography/tandem mass spectrometry photodiode 
array detection (UPLC/MS/MS/PDA).  NORM: normoxic; HYP: hypoxic; HYP-LS: hypoxic 
with low salinity. 
 
 
 
135 
 
  
   Reporting Limit 
   
HEWAF 
NORM 
(ng/mL) 
HEWAF 
HYP 
(ng/mL) 
HEWAF 
HYP-LS 
(ng/mL) 
Tissue 
(ng/g) 
Pa
re
nt
 P
A
H
 
Naphthalene 1.0 1.0 1.0 77.2 
Acenaphthylene 0.1 0.1 0.1 21.4 
Fluorene 0.1 0.1 0.1 38.3 
Acenaphthene 0.1 0.5 0.5 50.0 
Phenanthrene 0.1 0.5 0.5 43.4 
Anthracene 0.1 0.1 0.1 60.1 
Fluoranthene 0.1 0.5 0.5 32.2 
Pyrene 0.1 0.1 0.1 43.8 
Chrysene 0.1 0.1 0.1 37.9 
Benzo(a)anthracene 0.1 0.1 0.1 55.6 
Benzo(b)fluoranthene 0.1 0.5 0.5 66.7 
Benzo(k)fluoranthene 0.1 0.5 0.5 52.5 
Benzo(a)pyrene 0.1 0.5 0.5 57.1 
Dibenz(a,h)anthracene 0.1 0.5 0.5 36.0 
Indeno(1,2,3-cd)pyrene 0.1 0.5 0.5 78.1 
Benzo(g,h,i)perylene 0.1 0.5 0.5 49.5 
A
lk
yl
 P
A
H
 
2-methylnaphthalene 0.5 0.5 0.5 77.2 
2,6-dimethylnaphthalene 0.5 0.5 0.5 77.2 
1,3-dimethylnaphthalene 0.5 0.5 0.5 77.2 
1,5-dimethylnaphthalene 0.5 0.5 0.5 77.2 
2,3,5-trimethylnaphthalene 0.5 0.5 0.5 77.2 
1-methylfluorene 0.5 0.5 0.5 38.3 
3-methylphenanthrene 0.5 0.5 0.5 43.4 
9-methylphenanthrene 0.5 0.5 0.5 43.4 
 
 
 
136 
 
  
2 4 6 8 10 12 14
-200
0
200
400
600
800
1000
1200
Time (d)
Fl
uo
re
sc
en
ce
 (a
.u
.)
NORM
2 4 6 8 10 12 14
-200
0
200
400
600
800
1000
1200
Time (d)
Fl
uo
re
sc
en
ce
 (a
.u
.)
HYP
2 4 6 8 10 12 14
-200
0
200
400
600
800
1000
1200
Time (d)
Fl
uo
re
sc
en
ce
 (a
.u
.)
HYP-LS
A
B
C
Control Low High
 
 
 
137 
Figure S1. Fluorescence of water samples taken daily from tanks during 14-d exposure to low 
(1.25%) or high (12.5%) high-energy water accommodated fraction in three different 
environmental scenarios: (A) normoxic (NORM), (B) hypoxic (HYP), and (C) hypoxic with low 
salinity (HYP-LS). Water samples were analyzed on a fluorescence spectrophotometer using an 
excitation wavelength of 270 nm and emission range of 280 to 500 nm to detect total petroleum 
hydrocarbons (TPHs), including 2- to 4-ring aromatic hydrocarbons. Data are expressed as mean 
± standard deviation of 6 tanks for each exposure group. Data for NORM scenario are reprinted 
from (Jasperse et al., 2019b).  Daily quantification of TPH indicated that exposure remained 
relatively steady throughout the 14 d exposure, and consistent between tanks of the same 
dilution.  
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Figure S2.  Survival of sheepshead minnow exposed to control seawater, low (1.25%) or high 
(12.5%) high-energy water accommodated fraction (HEWAF) in three environmental scenarios 
A) normoxic (NORM), B) hypoxic (HYP), and C) hypoxic with low salinity (HYP-LS).  The 
asterisk indicates a significant difference from control (p < 0.05), using survival log rank test.  
Exposure to high HEWAF in the hypoxic with low salinity scenario resulted in a significant 
decrease in survival, compared to control.  Data for NORM scenario are reprinted from (Jasperse 
et al., 2019b).   
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Figure S3.  Linear correlation of statistically significant experimental endpoints in normoxic 
(NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS) environmental scenarios 
with total polycyclic aromatic hydrocarbons (tPAHs) body burdens in sheepshead minnow 
exposed to high-energy water accommodated fraction (HEWAF).  A) Correlation of liver 
somatic index (LSI) and tissue tPAHs in the NORM scenario.  B) Correlation of fertilization rate 
of eggs collected on day 10 of exposure in the HYP scenario and tissue tPAHs.  C) Correlation 
of cumulative egg production and tissue tPAHs in the HYP-LS scenario.  Correlation coefficients 
and p values are reported in Table 5.  Data for NORM scenario are reprinted from (Jasperse et 
al., 2019b).  
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5.1. Abstract 
The explosion of the Deepwater Horizon (DWH) oil exploration platform on April 20, 
2010 began a catastrophic leak of approximately 640 million liters crude oil into the northern 
Gulf of Mexico (GOM), affecting more than 2100 km of coastline, including wetlands and 
estuaries that provide habitat and nursery for many aquatic species.  Estuaries of the GOM are 
dynamic environments, with constant fluctuations in salinity and dissolved oxygen, including 
large hypoxic zones during summer months.    Spawning fish in northern GOM estuaries 
following the DWH incident were at significant risk of oil exposure, and adverse environmental 
conditions at the time of exposure, such as hypoxia and low salinity, could have exacerbated 
developmental effects in the offspring.  The present study investigated the effects of F0 parental 
oil exposure in different environmental scenarios on development of F1 sheepshead minnow 
(SHM) offspring.  Adult SHM were exposed to the high-energy water accommodated fraction 
(HEWAF) of crude oil in three environmental scenarios: normoxic (NORM), hypoxic (HYP), 
and hypoxic with low salinity (HYP-LS).  Parental HEWAF exposure in the NORM scenario 
resulted in developmental effects in F1 offspring, including altered heart rate, decreased length at 
hatch, and impaired prey capture.  Co-exposure of F0 SHM to HEWAF and adverse 
environmental conditions altered HEWAF effects on F1 heart rate, hatch rate, prey capture, and 
survival.  Time to hatch was not significantly impacted by parental HEWAF in any 
environmental scenario.  The present study demonstrates that parental exposure to HEWAF 
results in developmental changes in F1 embryos, and co-exposure to adverse environmental 
conditions altered the effects for several developmental endpoints.  These data suggest that SHM 
exposed to oil in estuaries experiencing hypoxia or low salinity may produce offspring with 
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worsened outcomes.  These developmental effects, in addition to previously reported 
reproductive effects in adult fish, could lead to long-term population level impacts for SHM. 
 
Keywords:  Deepwater Horizon Oil Spill; HEWAF; polycyclic aromatic hydrocarbons (PAHs); 
developmental toxicity; combined stressors; hypoxia; salinity 
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5.2. Introduction 
The explosion of the Deepwater Horizon (DWH) oil exploration platform on April 20, 
2010 began a catastrophic leak of approximately 640 million liters of crude oil into the northern 
Gulf of Mexico (GOM), creating an oil slick that covered more than 112,000 km2 of the ocean’s 
surface (Beyer et al., 2016; McNutt et al., 2012).  The spill also affected more than 2100 km of 
coastline, including wetlands and estuaries that provide habitat and nursery for many aquatic 
species (Beyer et al., 2016; Nixon et al., 2016).  Estuaries of the GOM are dynamic 
environments, with constant fluctuations in salinity and dissolved oxygen, including large 
hypoxic zones during summer months.  Salinity is influenced by the flow of fresh water from the 
Mississippi River, and is typically lowest in the spring when river flow into the Gulf is at its peak 
(Love et al., 2013).  Dissolved oxygen levels of the northern GOM are impacted by excess 
nutrient runoff from the Mississippi River watershed, water stratification, and a seasonal increase 
in temperature that increases biochemical oxygen demand (Diaz and Rosenberg, 2008; Thomas 
et al., 2007; USEPA, 2006).   
Spawning fish in northern GOM estuaries following the DWH incident were at 
significant risk of oil exposure.  This is of particular concern as early life stages of fish are 
generally considered to be more sensitive to contaminant exposure than adult fish (Hutchinson et 
al., 1998; McKim, 1977) and early life exposure to PAHs can negatively impact fitness and 
survivorship later in life (Brown et al., 2016; Incardona and Scholz, 2016; Mager et al., 2014).  
Exposure to polycyclic aromatics hydrocarbons (PAHs) can cause numerous developmental 
effects in fish, including reduced hatch percentages, delayed hatching, reduced length, cardiac 
abnormalities and increased mortality (Bosker et al., 2017b; Brewton et al., 2013; Incardona et 
al., 2014; Rodgers et al., 2018).  These developmental effects are well-documented in model fish 
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species (de Soysa et al., 2012) and in GOM residents (Denslow et al., 2015; Dubansky et al., 
2013; Heintz et al., 2000; Incardona et al., 2014; Rodgers et al., 2018), including sheepshead 
minnow.  (Bosker et al., 2017b; Denslow et al., 2015; Jasperse et al., 2019b).  Sheepshead 
minnows (Cyprinodon variegatus; SHM) are small-bodied (<8 cm long) euryhaline fish that 
reside in shallow waters along the east coast of the United States (Bigelow and Schroeder, 1953), 
including estuaries of the northern GOM.  Sheepshead minnows have broad tolerance for wide 
ranges of environmental conditions (Nordlie, 2006), and are used extensively for toxicology 
studies, including effluent toxicity testing by the United States Environmental Protection Agency 
(USEPA, 2002).     
While the effects of oil exposure on fish development are well-investigated, most studies 
expose the embryo or larvae directly (Dubansky et al., 2013; Incardona et al., 2014; Wu et al., 
2012).  Few studies have investigated the effects of parental (F0) PAH exposure on development 
of offspring (F1).  In one study, zebrafish (Danio rerio) with chronic dietary exposure to PAHs 
produced offspring with reduced heart rate, increased larvae size, and behavioral stress 
(Perrichon et al., 2015).  In another study, marine medaka (Oryzias melastigma) exposed to 
phenanthrene generated offspring with reduced time to hatch and increased heart rate (Sun et al., 
2015).  While these studies provide valuable insight into the impact of F0 oil exposure on F1 
development, they were performed using species not relevant to the GOM, which may not 
predict the effects in GOM residents.  Moreover, residents of GOM estuaries may have been 
exposed to oil while experiencing adverse environmental conditions common to the northern 
GOM, such as hypoxia and low salinity, which could have exacerbated developmental effects in 
their offspring.  Importantly, recently published data demonstrated that hypoxia and low salinity 
exacerbated the adverse effects of high-energy water-accommodated fraction (HEWAF) 
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exposure on SHM reproduction (Jasperse et al., 2019a).  The present study, therefore, 
investigated the effects of F0 HEWAF exposure in different environmental scenarios on 
development of F1 SHM to determine if suboptimal environmental conditions exacerbate the 
effect of oil on development of offspring. 
 
5.3. Methods 
5.3.1. Sheepshead minnow 
Sheepshead minnow were obtained from the University of Southern Mississippi (USM) 
and bred to establish a colony at the University of Connecticut.  All fish housing protocols and 
experimental procedures were approved under University of Connecticut’s Institutional Animal 
Care and Use Committee protocol A15-059. 
 
5.3.2. F0 sheepshead minnow HEWAF exposure 
Adult F0 SHM (> 120 dph) were exposed to high-energy water-accommodated fraction 
(HEWAF) under three different environmental scenarios as previously described (Jasperse et al., 
2019a).   Sheepshead minnow were placed in 20 L glass tanks, with 3 females and 2 males per 
tank.  During reproductive experiments, adult SHM were fed flaked food (Zeigler Aquatox 
Fish Diet; Zeigler Bros, Inc., Gardners, PA) twice a day and freshly hatched brine shrimp 
(Artemia salina) nauplii once a day (Brine Shrimp Direct).  Acclimation to the experimental 
conditions was achieved by gradually changing water parameters over a 10-d period.  
Sheepshead minnow were exposed to HEWAF continuously for 14 d (n=6 tanks per treatment), 
using a flow-through system, as previously described (Jasperse et al., 2019b).  A breeding net 
made of a PVC ring covered with fine nylon mesh (335 µm) was placed into each F0 tank to 
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provide a spawning substrate and allow collection of embryos for assessment of developmental 
endpoints.  The F0 HEWAF exposure was performed in three environmental scenarios: normoxic 
(NORM), hypoxic (HYP), and hypoxia with low salinity (HYP-LS).  For the HYP and HYP-LS 
scenarios, a header tank of seawater was sparged with nitrogen (N2) to reduce dissolved oxygen 
levels.  Water temperature was maintained at 30 ˚C for all three scenarios and monitored daily.  
Dissolved oxygen (DO) levels were monitored daily in a subset of the experimental tanks using 
YSI 5420 sensors (YSI Incorporated, Yellow Springs, OH) and were 6 mg/L for the NORM 
scenario and 2.5 mg/L for the HYP and HYP-LS scenarios.  Salinity was kept at 15 ppt for 
NORM and HYP scenarios, and 10 ppt for the HYP-LS scenario, and was monitored using 
Sybon Opticon Series FG100sa refractometer (Bethesda, MD, USA).  The isosmotic point for 
SHM was reported to be 10.5 ppt (Adeyemi and Klerks, 2012), therefore SHM were 
hypoosmotic in the NORM and HYP scenarios, and near isosmotic in the HYP-LS scenario.  
Measured conditions for each scenario are reported in Table S1. 
Importantly, the water conditions of all scenarios were within normal ranges for the 
northern GOM (USEPA, 1999).  The somatic and reproductive effects of HEWAF exposure on 
F0 SHM under those environmental scenarios are reported in Jasperse et al. (2019a).  Figure 1 
illustrates the overall experimental design and outlines the abbreviated names for F1 groups that 
will be used throughout the manuscript. 
 
5.3.3. High-energy water-accommodated fraction (HEWAF) preparation 
HEWAF was prepared according to protocols previously described (Incardona et al., 
2013; Jasperse et al., 2019b).  Briefly, Louisiana sweet crude (LSC) oil (surrogate, SO-
20111116-MPDF-003) was mixed with 3 L artificial seawater (15 ppt; Instant Ocean®, 
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Blacksburg, VA, USA) in a Waring CB15 high-speed commercial blender (Torrington, CT, 
USA) at 1 g oil/L seawater for 1 min on low speed.  The HEWAF was prepared in 7 batches 
(total of 21 L), poured into a 23-L glass carboy, and allowed to settle for 1 h, then collected using 
a peristaltic pump, avoiding the oil-water interface.  The HEWAF was mixed with artificial 
seawater in header tanks at dilutions (v/v) of 0% (no HEWAF; control), 1.25% (low HEWAF), 
and 12.5% (high HEWAF) and administered to individual F0 exposure tanks by passive flow.  
The HEWAF for the HYP-LS scenario was prepared as described above, but with 10 ppt 
artificial seawater.  The concentrations of individual parent and alkyl PAHs in the HEWAF 
preparations for each scenario were reported in Jasperse et al. (2019a), and a summary of values 
are presented in Table 1. 
 
5.3.4. F1 generation 
Embryos (F1) were collected from breeding nets on days 7, 10, and 13 of F0 HEWAF 
exposure, rinsed, and placed into embryo cups, which consisted of a petri dish attached to a 
cylinder of fine nylon mesh (335 µm).  There was one embryo cup per tank (6 tanks per 
treatment) for each embryo collection, and a maximum of approximately 50 embryos per embryo 
cup (Table S2).  Embryo cups with F1 embryos were maintained through 10 days post hatch 
(dph) in tanks of clean aerated seawater, with static renewal every other day.  Seawater was 
maintained at salinity 15 ppt, temperature 30 ˚C, and dissolved oxygen 6 mg/l.  Importantly, F1 
received no additional exposure to HEWAF, hypoxia, or low salinity after embryo collection 
(<24 h post fertilization).  Larvae were fed freshly hatched brine shrimp nauplii once per day. 
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5.3.5. Developmental endpoints 
The following developmental endpoints were assessed: heart rate, hatch rate, time to 
hatch, larval length at hatch (Length0), larval length at 10 dph (Length10), prey capture at 10 
dph, and survival to 10 dph.  Heart rates were determined 2 days after embryo collection using 
an inverted microscope (25x magnification) and counting heart beats one time over a 30-s 
period.  Embryos were then returned to embryo cups and monitored daily for hatching to 
determine hatch rate and time-to-hatch.  Once hatched, a subset of larvae, representing all 
embryo cups, were photographed on a microscope to determine standard length using 
AxioVision 4.8.1 software (Zeiss, Oberkochen, Germany) and then returned to the embryo cups.  
Length at hatch could not be measured in embryos that hatched after the earliest day of hatching 
for each embryo cup, as they could not be distinguished from embryos that had already been 
photographed and measured.  At 10 dph, larvae were counted to determine survival and a subset, 
representing all embryo cups, were photographed on the microscope to determine standard 
length.  Prey capture was also assessed in the larvae on 10 dph, in a manner similar to methods 
previously described (Jasperse et al., 2019b; Weis et al., 2003).  Larvae were placed individually 
into a well of a 48-well plate containing five or six brine shrimp in approximately 750 µl 
seawater.  The number of remaining brine shrimp was monitored at 2 and 5 min to determine the 
ability of larvae to capture prey. 
Embryos collected on the 13th day of HEWAF exposure in the NORM scenario (F1-13-
NORM) experienced a heater malfunction and were therefore excluded from analysis of all 
developmental endpoints. 
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5.3.6. Statistical analyses 
One-way analyses of variance (ANOVAs) with Holm-Sidak test were used to determine 
differences between HEWAF exposures and control for each developmental endpoint.  
Normality was assessed using Kolmogorov–Smirnov test, and equal variance was tested with the 
Levene median test.  A one-way ANOVA on Ranks with Dunn’s test was used when data 
violated normality assumptions.  T-test was used when comparisons were made between two 
groups.  All analyses were performed using SigmaStat 3.5 software (Systat Software, San Jose, 
CA), using an alpha level of 0.05 for statistical significance.  All data are presented as mean ± 
standard error of the mean (SEM) unless indicated otherwise. 
Biological replicates were F0 tanks or individual embryos, depending on the endpoint 
(tanks: hatch rate, time to hatch, survival; embryos: heart rate, length0, length10, prey capture).  
Statistical analyses could not be performed for groups with n<3 (sample sizes are indicated in 
figures). 
 
5.4. Results 
5.4.1. Heart rate 
 Changes in heart rates in the F1 embryos produced by fish exposed to HEWAF under the 
three environmental scenarios are shown in Figure 2.  F1-7-NORM-L and F1-7-NORM-H 
embryos had heart rates 5-8% higher than controls (p=0.009, Figure 2A).  F1-7-HYP-L and F1-7-
HYP-H embryos had heart rates 14% and 17% lower than controls, respectively (p<0.001, Figure 
2B).  F1-10-HYP-H also had 17% lower heart rate compared to controls (p=0.004).  Additionally, 
F1-13-HYP-L and F1-13-HYP-H embryos had heart rate 53% and 19% lower than controls, 
respectively (p<0.001, Figure 2B).  F1 embryos produced by fish exposed to HEWAF in the 
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HYP-LS scenario had no significant differences in heart rates compared to controls (Figure 2C).  
There was only one F1-10-HYPLS-H larva in which to measure heart rate, and while there was a 
74% reduction in heart rate compared to controls, it could not be assessed for statistical 
significance (n=1).  
 
5.4.2. Hatch rate/time to hatch 
   Embryos produced by fish exposed to HEWAF in the NORM scenario had no 
significant differences in hatch rates compared to controls (Figure 3A).  There were also no 
significant effects of parental HEWAF exposure in HYP on F1 hatch rate on days 7 and 10.  
However, F1-13-HYP-L embryos had hatch rate 100% lower than controls (p=0.003, Figure 3B).  
Embryos produced by fish exposed to HEWAF in the HYP-LS scenario had no significant 
differences in hatch rates compared to controls (Figure 3C). 
There were no significant changes from controls in time to hatch in embryos across all 
exposures in all environmental scenarios.  Importantly, hatch rate and time to hatch could not be 
assessed for tanks in which no embryos were produced, resulting in sample sizes fewer than 6 in 
some groups.  Moreover, time to hatch could not be assessed in tanks for which there was 0% 
hatch, resulting in different sample size between endpoints. 
 
5.4.3. Length at hatch (Length0) 
 F1-7-NORM-L and F1-7-NORM-H embryos were approximately 10% shorter at hatch 
compared to controls (p=0.003, Figure 4A).  There were no significant differences in Length0 of 
F1-10-NORM embryos.  There were no significant differences in Length0 among F1-7-HYP and 
F1-13-HYP embryos (Figure 4B).  However, F1-10-HYP-L embryos had 7% shorter Length0 
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compared to controls (p=0.011).  There were no significant differences in Length0 for embryos 
in the HYP-LS scenario (Figure 4C). 
 
5.4.4. Length 10 days post hatch (Length10) 
 Differing sample size for Length0 and Length10 groups can be attributed to both 
mortality of larvae before 10 dph, as well as the practical limitations in measuring length0 in 
embryo cups previously mentioned (see Methods – Developmental Endpoints).  F1-7-NORM-H 
larvae had 21% longer Length10 compared to controls (p<0.001, Figure 4D).  Additionally, F1-
10-NORM-H larvae had 16% longer Length10 compared to controls, while F1-10-NORM-L had 
17% shorter Length10 compared to controls (p<0.001).  F1-7-HYP-L and F1-7-HYP-H larvae 
had 13% and 14% longer Length10 compared to controls, respectively (p<0.001, Figure 4E).  F1-
10-HYP-H larvae also had 45% longer Length10 compared to controls (p<0.001).  No F1-13-
HYP-L or F1-13-HYP-H larvae survived to 10 dph, therefore differences in Length10 could not 
be assessed in this group (Figure 4E).  F1-7-HYPLS-H larvae had 37% longer Length10 
compared to controls (p=0.005), but there were no significant Length10 changes in F1-10-
HYPLS or F1-13-HYPLS larvae (Figure 4F).  However, F1-13-HYPLS-H larvae had Length10 
measurements 39% larger than controls, but n=2 sample size prevented statistical analysis. 
 
5.4.5. Survival to 10 dph 
 There were no significant changes in F1 survival to 10 dph in F1-7-NORM or F1-10-
NORM larvae (Figure 5A).  There were also no significant changes in F1 survival among F1-10-
HYP larvae (Figure 5B).  However, the rate of survival to 10 dph in F1-7-HYP-L larvae was 
reduced by 29% compared to controls (p=0.024).  F1-13-HYP larvae could not be tested for 
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survival, as both the low and high HEWAF groups had sample size <3.  Of note, the one tank of 
F1-13-HYP-H larvae that had any hatching of larvae had a survival rate of 0%, which is 
substantially lower than the F1-13-HYP-C larvae survival rate of 83%, although we could not test 
for statistical significance.  There were no significant changes in F1 survival in the HYP-LS 
scenario (Figure 5C). 
 
5.4.6. Prey capture 10 days post hatch 
F1-7-NORM-H larvae had 80% and 71% lower prey capture compared to controls at 2 
min (p<0.001, Figure 6A) and 5 min (p<0.001, Figure 6D), respectively.  Interestingly, there 
were no significant differences in prey capture among F1-10-NORM larvae.  There were also no 
significant differences in prey capture among F1-7-HYP or F1-10-HYP larvae (Figure 6B and 
Figure 6E).  No F1-13-HYP-L or F1-13-HYP-H larvae survived to 10 dph, therefore differences 
in prey capture could not be assessed.  F1-7-HYPLS-H larvae had 92% lower prey capture 
compared to controls at 2 min (p=0.002, Figure 6C), but not 5 min (Figure 6F).  F1-10-HYPLS-L 
larvae also had 29% lower prey capture compared to controls at 2 min (p=0.031), but not 5 min.  
No F1-10-HYPLS-H survived to 10 dph, therefore differences in prey capture between high 
HEWAF and controls could not be assessed.  There were no significant differences in prey 
capture among F1-13-HYPLS larvae. 
 
5.5. Discussion 
 The present study demonstrated that adult F0 SHM exposure to HEWAF resulted in an 
array of developmental effects in F1 offspring that were raised in clean seawater through 10 dph.  
Importantly, due to drastic reduction in egg production by the fish exposed to high HEWAF in 
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the HYP and HYP-LS scenarios (Jasperse et al., 2019a), there were fewer larvae from these 
groups in which to assess developmental endpoints, which reduced statistical power, when 
statistical testing was even possible, and may have caused a survivor bias.  The results reported 
in the present study may therefore underestimate the effects of F0 high HEWAF exposure in the 
HYP and HYP-LS scenarios on F1 development.   
Embryos in this study were only directly exposed to HEWAF for a maximum of 24 h 
(between spawning and daily embryo collection), and therefore may have effects resulting from 
direct exposure for a short duration (£24 hpf) and/or from maternal transfer.  Both of these 
processes have previously been documented in fish embryos (McElroy et al., 2006; Monteverdi 
and DiGiulio, 2000).  Maternal transfer of PAHs was previously demonstrated in Atlantic 
killifish (Fundulus heteroclitus), in which benzo[a]pyrene accumulated in maturing oocytes 
following exposure of gravid females (Monteverdi and DiGiulio, 2000).  Some PAHs are 
suspected to be passed from the mother into the yolk as a method of depuration, and therefore 
passed onto the offspring (Weis et al., 2003).  Maternal transfer of benzo[a]pyrene was 
speculated to be mediated through association with vitellogenin (Monteverdi and DiGiulio, 
2000).  PAHs may also pass into the embryo directly from seawater.  Japanese medaka (Oryzias 
latipes) embryos were shown to rapidly accumulate and metabolize benzo[a]pyrene from 
sediment, indicating that some PAHs can pass through the embryo chorion directly (McElroy et 
al., 2006).  It is also possible that epigenetics plays a role in the observed developmental effects, 
as PAH exposure has previously been demonstrated to change DNA methylation patterns in 
zebrafish embryos (Corrales et al., 2014a). 
In the present study, the environmental conditions in which the parental F0 generation 
was exposed to HEWAF affected the developmental changes experienced by the F1 offspring.  
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We previously demonstrated that environmental scenario influenced the bioaccumulation of 
PAHs in F0 adults following HEWAF exposure (Jasperse et al., 2019a), and therefore, likely 
affected the transfer of PAHs or metabolites to the embryos.  In general, water concentrations of 
PAHs were highest in the NORM scenario, while adult fish exposed to HEWAF in the HYP 
scenario tended to have the highest bioaccumulation of PAHs.  The overlap between intracellular 
oil and hypoxia response signaling pathways (Mandl and Depping, 2014) or suppression of 
metabolic rate during hypoxia (Richards, 2009) could result in reduced PAH metabolism under 
hypoxic conditions, leading to increased partitioning of PAHs to lipid-rich tissues, such as the 
gonads, in HYP and HYP-LS scenarios.  Low salinity in the HYP-LS scenario also may have 
influenced embryonic exposure to PAHs, as bioavailability and uptake of PAHs tends to increase 
with decreased salinity (Ramachandran et al., 2006). 
The environmental conditions of the F0 exposure also could have resulted in direct effects 
on the embryos during the £24 hpf that the embryos remained in the F0 tanks, though it is 
important to point out that all statistical comparisons were made to the controls within a given 
environmental scenario, which experienced the same environmental conditions as the HEWAF 
exposure groups.  Hypoxia can be lethal to developing Gulf killifish (Fundulus grandis) embryos 
(Rodgers et al., 2018), though transfer of embryos into aerated water £24 hpf in the present study 
appeared to mitigate this effect, allowing for assessment of developmental endpoints.  
Interestingly, hypoxia during early development (24 hpf) was shown to alter development of 
zebrafish embryos by altering patterns of apoptosis (Shang and Wu, 2004). 
Heart rate was altered in embryos from two of the three F0 environmental scenarios 
(NORM and HYP).  Cardiotoxicity is a hallmark developmental effect of PAHs on early life 
stages of fish, and the heart is often considered the primary target of oil exposure (Incardona et 
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al., 2009).  PAHs can induce bradycardia by disrupting excitation-contraction coupling by 
inhibiting K+ efflux from the cardiomyocyte and reducing Ca2+ influx, resulting in decreased 
cardiac function (Brette et al., 2014; Brette et al., 2017).  Decreased heart rate following 
embryonic exposure to PAHs was observed in several GOM estuarine species, including SHM, 
inland silversides (Menidia beryllina), yellowfin tuna (Thunnus albacares), Atlantic bluefin tuna 
(Thunnus thynnus), mahi-mahi (Coryphaena hippurus), and greater amberjack (Seriola dumerili) 
(Bosker et al., 2017b; Denslow et al., 2015; Dubansky et al., 2013; Incardona et al., 2014; 
Perrichon et al., 2018).  These studies all involved direct exposure of embryos to PAHs during 
early development, with tPAH concentrations (~3-150 ng/ml) comparable to levels in F0 
exposure tanks of the present study.   
Embryos from parents exposed to HEWAF in the NORM scenario demonstrated 
increased heart rate compared to controls.  While most studies of PAH cardiotoxicity describe a 
decreased heart rate, increased heart rate in response to PAH exposure has also been reported in 
marine medaka F1 embryos collected from F0 adults exposed to phenanthrene and thereafter 
raised in clean water (Sun et al., 2015), as well as in zebrafish exposed to phenanthrene during 
early development (Zhang et al., 2013).  The authors speculated that increased heart rate might 
be a compensatory response to decreased stroke volume to mitigate effects on cardiac output 
(Zhang et al., 2013).  It is therefore plausible that increased heart rate represents an early and less 
severe manifestation of PAH cardiotoxicity, while decreased heart rate represents a later and 
more severe manifestation, potentially resulting from a higher dose or longer duration exposure. 
Our data suggest an exacerbation of cardiotoxicity in offspring of F0 exposed to PAHs in 
an adverse environmental condition (hypoxia).  Exacerbation of embryo cardiotoxicity in 
hypoxia has previously been documented following direct embryo exposure.  A study of 
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zebrafish demonstrated that embryos exposed to phenanthrene in hypoxia experienced a more 
severe reduction in heart rate than embryos exposed in normoxia (Cypher et al., 2017).  While 
embryos from the HYP scenario had drastic bradycardia, there were no significant effects in 
heart rate of embryos from the HYP-LS scenario.  This is likely influenced by a small sample 
size of embryos of HYPLS-H in which to measure heart rate, and possible survivor bias.  
Importantly, a short term (48 h) exposure of mahi-mahi embryos to HEWAF resulted in 
cardiotoxicity (pericardial edema) and a latent impairment of swimming performance as 
juveniles, suggesting that early cardiotoxic effects can manifest as physiological impairments at 
later life stages that may lead to reduced survival in a natural environment (Mager et al., 2014). 
Despite no change in time to hatch, hatch rate was decreased in embryos collected from 
the HEWAF-exposed fish in the HYP scenario, but not the NORM scenario, indicating that 
hypoxia is essential for the manifestation of reduced hatching success as a result of F0 HEWAF 
exposure.  While there was no statistically significant reduction in hatch rate in the HYP-LS 
scenario, all high HEWAF groups had lower sample size, including a sample of only 1 tank for 
F1-10-HYPLS-H embryos, which limited the ability to detect statistically significant differences.  
A previous study continuously exposed Gulf killifish embryos to HEWAF in normoxic 
conditions and demonstrated that HEWAF exposure causes a dose-dependent decrease in hatch 
rate, though it was statistically significant only for the highest concentration of HEWAF tested, 
approximately 4-fold higher than “high HEWAF” in the present study (Rodgers et al., 2018).  
Additionally, Japanese medaka chronically exposed to PAH-contaminated sediment extract in 
hypoxic conditions produced F1 embryos with decreased hatching success, while medaka 
exposed to the same concentration of sediment extract in normoxic conditions had offspring with 
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no significant changes in hatch rate, demonstrating exacerbation of PAH-induced hatch rate 
decline (Mu et al., 2017). 
Embryos collected from HEWAF-exposed fish in both the NORM and HYP scenarios 
exhibited decreased length at hatch (Length0), and F1-10-NORM-L larvae also had reduced 
length 10 dph (Length10).  Decreased length was reported in embryos or larvae exposed to PAHs 
for several species, including SHM, spotted seatrout (Cynoscion nebulosus) and pacific herring 
(Clupea pallasi) (Bosker et al., 2017b; Brewton et al., 2013; Carls et al., 1999).  Additionally, 
exposure to hypoxia was shown to significantly decrease body length of zebrafish embryos 
(Shang and Wu, 2004), and reduced growth was documented following exposure of adult Gulf 
killifish to hypoxia for 1 month (Landry et al., 2007).  A study of Japanese medaka also 
demonstrated that embryos exposed to hypoxia alone or co-exposed to PAHs and hypoxia both 
had decreased larval length compared to control embryos (Mu et al., 2017).  Embryo length is 
closely related to the maternal investment per larva (Johnson et al., 2010), which is likely to be 
influenced by HEWAF exposure, as female fish would likely need to divert substantial energy to 
metabolic pathways in the liver.  Importantly, size at hatch was shown to be closely related to the 
probability of survival of the larvae (Garrido et al., 2015).  While survival was only significantly 
lower than control in F1-7-HYP-L embryos in the present study, it is possible that survival would 
have been impacted more substantially in a natural environment, where predators and 
competition for resources would likely influence survival outcome.   
Interestingly, while Length0 tended to be decreased or unaffected by F0 HEWAF 
exposure, Length10 tended to be increased, especially at high HEWAF concentrations, under all 
exposure scenarios.  While most studies report a decrease in length following PAH exposure, a 
study of zebrafish observed that embryos from parents with dietary exposure to PAHs had 
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increased larvae size (Perrichon et al., 2015).  Importantly, in the present study, Length10 may 
have been influenced by food abundance or the number of other larvae in the embryo cup.  In 
other words, embryo cups with fewer embryos, due to a combination of decreased egg 
production and decreased fertilization rates following HEWAF exposure (Jasperse et al., 2019a), 
had larvae with increased density-dependent access to food, despite all embryo cups having been 
fed ad libitum.  These larvae may therefore have had increased Length10 due to indirect external 
factors (less competition for food and more space to grow), rather than due to a direct 
developmental change resulting from HEWAF exposure. 
Embryos from HEWAF-exposed F0 generally had survival rates comparable to controls, 
indicating that neither early life exposure to HEWAF (£24 hpf) nor maternal effects were 
directly lethal to the F1 offspring.  Several studies have reported no change in embryo survival 
following exposure to PAH concentrations that trigger developmental effects (Bosker et al., 
2017b; Denslow et al., 2015; Dubansky et al., 2013).  While the developmental effects shown in 
the present study are sub-lethal, there is potential for long-term effects of individuals, which 
could also result in population level effects.  It has previously been demonstrated that Atlantic 
killifish embryos exposed to PAH mixtures experienced long-term behavioral effects that lasted 
into adulthood (Brown et al., 2016).  Early life developmental and behavioral abnormalities can 
alter organism fitness later in life, and may affect future generations of offspring.  We have 
previously demonstrated that F1 SHM offspring from HEWAF-exposed F0 adults generate a F2 
generation with similar deficits in prey capture (Jasperse et al., 2019b).  This suggests that 
parental/early life exposure to PAHs in F1 SHM can result in long-term effects that manifest in a 
F2 generation of offspring that was never directly exposed to oil. 
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 In the present study, prey capture was decreased in embryos collected from HEWAF-
exposed fish in both the NORM and HYP-LS scenarios, but not the HYP scenario.  The effect of 
F0 HEWAF exposure on F1 prey capture was exacerbated in the HYP-LS scenario, compared to 
the NORM scenario, as prey capture was reduced to a greater magnitude in embryos collected on 
day 7 and was impaired following F0 exposure to a lower concentration of HEWAF (F1-10-
HYPLS-L).  Interestingly, while prey capture effects were more severe at 2 min in the HYP-LS 
scenario, those larvae recovered to normal levels of prey capture by 5 min, while impaired 
NORM larvae did not.  It is possible that F1-10-HYPLS-H adapted to slower prey capture rates, 
resulting in reduced prey capture at 2 min, but recovery to normal levels by 5 min.  The 2 time 
points reported for this assay, 2 and 5 min, may simulate environmental situations of limited and 
abundant prey availability, respectively.  Therefore, larvae from F0 exposed to high HEWAF in 
the HYP-LS scenario may specifically be sensitive to situations of limited prey availability.  It is 
also possible that parental HEWAF exposure altered the startle-response of larvae, suggesting 
that a behavioral change may be responsible for impaired prey capture.  
Prey capture requires coordination of sensory, behavioral, and locomotor systems (Weis 
and Weis, 1995), making it a highly sensitive sublethal endpoint to assay. Importantly, normal 
prey capture is necessary for larval survival in the natural environment, as larvae have a low 
threshold for starvation (Weis and Weis, 1995).  Despite its value as a sensitive endpoint for 
toxicological assessment, few studies have investigated the effects of PAHs on prey capture of 
fish.  A study of larval Atlantic killifish from contaminated sites found that prey capture was 
negatively correlated with metals and polychlorinated biphenyls (PCBs), but not PAHs (Weis et 
al., 2003).  In another study, larval stages of dorado (Salminus brasiliensis), a carnivorous 
freshwater fish, exposed to phenanthrene experienced vision impairment and decreased prey 
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capture (Carvalho et al., 2008).  Additionally, a study of bluegill (Lepomis macrochirus) 
fingerlings demonstrated that fluorene exposure resulted in decreased prey capture, with reduced 
proportions of fish striking prey and decreased efficiency of prey capture (proportion of 
successful prey strikes) (Finger et al., 1985).     
The changes in developmental endpoints were generally inconsistent across embryos 
collection days.  This may suggest an impact of duration of F0 exposure on resultant F1 
developmental effects, or the influence of natural variation of offspring.  Interestingly, 
developmental effects did not worsen as length of parental exposure increased.  However, 
embryos from F0 exposed to high HEWAF in the HYP and HYP-LS were generally much fewer 
in number than controls, due to reduced egg production and fertilization in high-HEWAF 
exposed SHM in HYP and HYP-LS scenarios (Jasperse et al., 2019a).  This was particularly 
problematic in the day 13 embryos collection, which resulted in very few larvae in which to 
measure developmental effects.  Moreover, effects of HEWAF exposure on early developmental 
endpoints, such as hatch rate, reduced the sample size for subsequent endpoints at later stages of 
development, such as prey capture.  This limited the ability to test for statistical significance 
(when n<3) or otherwise reduced statistical power, and made it more difficult to determine 
exacerbation of effects.  It is therefore possible that the developmental effects reported in the 
present study represent an underestimate of the actual risk of HEWAF exposure in adverse 
environmental scenarios on SHM offspring development. 
In summary, the F1 developmental effects varied depending on the environmental 
scenario of the F0 HEWAF exposure, and the effects were exacerbated in scenarios of adverse 
environmental conditions for some developmental endpoints (heart rate, hatch rate, prey 
capture), but not for others (Length0, Length10).  Nevertheless, the present study demonstrates 
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that HEWAF causes developmental changes in F1 embryos, which could result in impaired 
organism fitness in later life stages.  The exacerbation of several developmental effects in 
adverse environmental scenarios suggests that SHM exposed to oil in estuaries experiencing 
hypoxia or low salinity may produce offspring with worsened outcomes.  Moreover, the 
developmental effects observed in the present study in response to parental HEWAF exposure 
are compounded by the reproductive effects of HEWAF (reduced egg production and 
fertilization) previously described (Jasperse et al., 2019a).  In other words, adult SHM exposure 
to HEWAF not only reduces egg production and fertilization, but the embryos produced may 
further experience cardiac alterations, reduced hatching success, smaller size at hatch, reduced 
prey capture, and reduced survival, which altogether could lead to serious long-term population 
level impacts for this species. 
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5.7. Tables and Figures 
Table 1. Composition of stock high-energy water accommodated fraction (HEWAF) prepared in 
three environmental scenarios: normoxic (NORM), hypoxic (HYP), and hypoxic with low 
salinity (HYP-LS).  All stock HEWAF samples were prepared with a loading rate of 1 g oil/L 
seawater, in 15 ppt seawater for the NORM and HYP scenarios and 10 ppt seawater for the 
HYP-LS scenario.  Samples were analyzed using gas chromatography-tandem mass 
spectrometry (GC-MS/MS) and are expressed as mean ± standard error in ng/ml (n=5 for NORM 
and HYP, n=2 for HYP-LS).  Concentrations of tPAHs in low and high HEWAF were calculated 
as 1.25% and 12.5% the measured concentration of stock HEWAF, respectively.  PAHs = 
polycyclic aromatic hydrocarbons. 
  
Total Parent PAHs 
(ng/ml) 
NORM 
n=5 
HYP 
n=5 
HYP-LS 
n=2 
Stock HEWAF 137 ± 13 119 ± 4 84 ± 5 
Low HEWAF 
(1.25%) 1.7 1.5 1.1 
High HEWAF 
(12.5%) 17 15 10.5 
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Figure 1.  Experimental design for assessment of F1 generation development.  F0 sheepshead 
minnow (SHM) were exposed to high-energy water accommodated fraction (HEWAF) in three 
related, but independent experiments, in three different environmental scenarios: normoxic 
(NORM), hypoxic (HYP), or hypoxic with low salinity (HYP-LS).  F0 adult SHM were exposed 
to 0%, 1.25% (Low) or 12.5% (High) HEWAF for 14 d.  Eggs were collected from breeding nets 
on days 7, 10, and 13 of F0 HEWAF exposure to assess developmental effects in a F1 generation 
raised in clean seawater (no oil). 
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Figure 2.  Heart rate of 2 d post fertilization F1 embryos following exposure of F0 sheepshead 
minnow (SHM) to high-energy water-accommodated fraction (HEWAF) under three different 
environmental scenarios, (A) normoxic (NORM), (B) hypoxic (HYP), and (C) hypoxic with low 
salinity (HYP-LS).  F0 adult SHM were exposed to 0%, 1.25% (low) or 12.5% (high) HEWAF 
for 14 d.  Heart rate was assessed in embryos collected following 7, 10, and 13 days of parental 
HEWAF exposure.  Asterisks indicate a significant difference from control within environmental 
scenarios and time of embryos collections.  All data are expressed as mean ± standard error and 
were analyzed using one-way ANOVA with Holm-Sidak test or one-way ANOVA on Ranks 
with Dunn’s test when data violated assumptions (p < 0.05).  Sample sizes (number of embryos) 
are indicated by the data labels in the figure.  Data for NORM scenario are reprinted from 
(Jasperse et al., 2019b).  “#” = data excluded because of heater malfunction.  “n.d.” = no data. 
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Figure 3.  Hatch rate (A-C) and time to hatch (D-F) of F1 embryos following exposure of F0 
sheepshead minnow (SHM) to high-energy water-accommodated fraction (HEWAF) under three 
different environmental scenarios, (A, D) normoxic (NORM), (B, E) hypoxic (HYP), and (C, F) 
hypoxic with low salinity (HYP-LS).  F0 adult SHM were exposed to 0%, 1.25% (low) or 12.5% 
(high) HEWAF for 14 d.  Hatch rate and time to hatch were assessed in embryos collected 
following 7, 10, and 13 days of parental HEWAF exposure.  Asterisks indicate a significant 
difference from control within environmental scenarios and time of embryos collections.  All 
data are expressed as mean ± standard error and were analyzed using one-way ANOVA with 
Holm-Sidak test or one-way ANOVA on Ranks with Dunn’s test when data violated 
assumptions (p < 0.05).  Sample sizes (number of tanks) are indicated by the data labels in the 
figure.  Data for NORM scenario are reprinted from (Jasperse et al., 2019b).  “#” = data excluded 
because of heater malfunction.  “n.d.” = no data. 
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Figure 4.  Length of F1 embryos at hatch (A-C) and at 10 d post hatch (D-F) following exposure 
of F0 sheepshead minnow (SHM) to high-energy water-accommodated fraction (HEWAF) under 
three different environmental scenarios, (A, D) normoxic (NORM), (B, E) hypoxic (HYP), and 
(C, F) hypoxic with low salinity (HYP-LS).  F0 adult SHM were exposed to 0%, 1.25% (low) or 
12.5% (high) HEWAF for 14 d.  Lengths were assessed in embryos collected following 7, 10, 
and 13 days of parental HEWAF exposure.  Asterisks indicate a significant difference from 
control within environmental scenarios and time of embryos collections.  All data are expressed 
as mean ± standard error and were analyzed using one-way ANOVA with Holm-Sidak test, one-
way ANOVA on Ranks with Dunn’s test when data violated assumptions, or t-test when testing 
for significance between only two groups (p < 0.05).  Sample sizes (number of embryos) are 
indicated by the data labels in the figure.  Data for NORM scenario are reprinted from (Jasperse 
et al., 2019b).  “#” = data excluded because of heater malfunction.  “n.d.” = no data.  
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Figure 5.  Survival of F1 embryos at 10 d post hatch following exposure of F0 sheepshead 
minnow (SHM) to high-energy water-accommodated fraction (HEWAF) in three different 
environmental scenarios, (A) normoxic (NORM), (B) hypoxic (HYP), and (C) hypoxic with low 
salinity (HYP-LS).  F0 adult SHM were exposed to 0%, 1.25% (low) or 12.5% (high) HEWAF 
for 14 d.  Survival was assessed in embryos collected following 7, 10, and 13 days of parental 
HEWAF exposure.  Asterisks indicate a significant difference from control within environmental 
scenarios and time of embryos collections.  All data are expressed as mean ± standard error and 
were analyzed using one-way ANOVA with Holm-Sidak test or t-test when testing for 
significance between only two groups (p < 0.05).  Sample sizes (number of tanks) are indicated 
by the data labels in the figure.  Data for NORM scenario are reprinted from (Jasperse et al., 
2019b).  “#” = data excluded because of heater malfunction.  “n.d.” = no data. 
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Figure 6.  Prey (Artemia salina) capture ability of F1 embryos at 10 d post hatch following 
exposure of F0 sheepshead minnow (SHM) to high-energy water-accommodated fraction 
(HEWAF) under three different environmental scenarios, (A, D) normoxic (NORM), (B, E) 
hypoxic (HYP), and (C, F) hypoxic with low salinity (HYP-LS).  Prey capture was assessed for 2 
(A-C) and 5 min (D-F).  F0 adult SHM were exposed to 0%, 1.25% (low) or 12.5% (high) 
HEWAF for 14 d.  Prey capture was assessed in embryos collected following 7, 10, and 13 days 
of parental HEWAF exposure.  Asterisks indicate a significant difference from control within 
environmental scenarios and time of embryos collections.  All data are expressed as mean ± 
standard error and were analyzed using one-way ANOVA with Holm-Sidak test, one-way 
ANOVA on Ranks with Dunn’s test when data violated assumptions, or t-test when testing for 
significance between only two groups (p < 0.05).  Sample sizes (number of larvae) are indicated 
by the data labels in the figure.  Data for NORM scenario are reprinted from (Jasperse et al., 
2019b).  “#” = data excluded because of heater malfunction.  “n.d.” = no data. 
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5.8. Supplementary Tables 
Table S1.  Measured water conditions during 14 d F0 sheepshead minnow high-energy water 
accommodated fraction (HEWAF) exposure in three environmental scenarios: normoxic 
(NORM), hypoxic (HYP), and hypoxic with low salinity (HYP-LS).  Values are expressed as 
mean ± SD. 
 
 
  
Environmental 
Scenario 
Temperature 
(˚C) 
Salinity 
(ppt) 
Dissolved Oxygen 
(mg/l) 
NORM 29.8 ± 0.2 15 ± 1 5.6 ± 0.9 
HYP 29.8 ± 0.2 15 ± 1 2.6 ± 0.6 
HYP-LS 29.8 ± 0.2 10 ± 1 2.9 ± 0.5 
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Table S2.  Number of embryos (F1) collected in each embryo cup during F0 sheepshead minnow 
exposure to low (1.25%) or high (12.5%) high-energy water accommodated fraction in three 
different environmental scenarios: (A) normoxic (NORM), (B) hypoxic (HYP), and (C) hypoxic 
with low salinity (HYP-LS).  Embryo cups were limited to a maximum of approximately 50 
embryos. n = 6 tanks per group. 
 
 
 
  
Tank 
NORM HYP HYP-LS 
Day 
7 
Day  
10 
Day  
13 
Day 
7 
Day  
10 
Day  
13 
Day 
7 
Day  
10 
Day  
13 
CONTROL 1 50 50 50 44 52 50 15 24 14 
CONTROL 2 22 50 53 49 48 47 30 13 31 
CONTROL 3 50 49 47 49 43 51 44 43 54 
CONTROL 4 49 23 47 50 12 22 31 39 50 
CONTROL 5 50 50 45 48 46 45 31 12 45 
CONTROL 6 50 50 48 49 50 37 39 14 50 
LOW 1 50 50 49 48 33 43 30 50 62 
LOW 2 50 50 46 12 22 50 42 49 49 
LOW 3 50 50 49 50 42 41 49 54 56 
LOW 4 50 50 49 50 48 45 49 47 49 
LOW 5 50 50 50 33 33 25 43 50 42 
LOW 6 48 50 50 49 50 30 49 48 50 
HIGH 1 0 0 0 44 17 0 6 14 7 
HIGH 2 50 50 50 46 22 19 19 0 9 
HIGH 3 32 48 8 0 3 2 3 0 1 
HIGH 4 50 2 0 49 5 9 8 11 11 
HIGH 5 50 50 17 18 3 37 0 0 3 
HIGH 6 49 19 11 49 45 21 22 1 2 
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Chapter 6: Conclusions 
 
 
The explosion of the Deepwater Horizon (DWH) oil exploration platform in April 2010 
and subsequent release of approximately 640 million liters of crude oil into the Gulf of Mexico 
(GOM) threatened the thousands of species of marine life that occupy one of the most diverse 
and productive ecosystems in the United States (DWH NRDA Trustees 2016).  The spill affected 
more than 2100 km of the northern GOM coastline, including wetlands and estuaries that provide 
habitat for hundreds of species of fish, invertebrates, birds, sea turtles, and marine mammals, 
including commercially and recreationally important species of fish and shellfish (Beyer et al., 
2016).  In efforts to mitigate the impact of the oil along the coastline, millions of liters of 
chemical dispersant, primarily Corexit® 9500, were applied by aircrafts to surface oil or injected 
directly into the mile-deep leaking wellhead.  While the dispersant may have reduced the impact 
of oil on coastlines by breaking up large slicks that may have washed ashore, the dispersion also 
resulted in increased proportions of oil components in the water column (Echols et al., 2018).  As 
a result, marine life residing in the water column were at risk of toxicity from both the dissolved 
oil components, primarily polycyclic aromatic hydrocarbons (PAHs), and the chemical 
dispersant. 
 The estuaries of the northern GOM are highly dynamic, with constant fluctuations in 
salinity and dissolved oxygen, including seasonal periods of low dissolved oxygen (hypoxia) that 
overlapped with the timing of the DWH oil spill.  Aquatic species in GOM estuaries were at 
significant risk of oil exposure following the DWH oil spill, and environmental stressors, such as 
hypoxia and low salinity, may have exacerbated the impact of oil exposure.  Assessing the 
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impact of the DWH oil spill on GOM resident species requires the consideration of 
environmental stressors that may have influenced the effect of oil exposure on a given species.   
In the years following the DWH oil spill, there were extensive investigations into the 
effects of oil exposure on GOM resident species.  However, gaps remained in the understanding 
of how the impact of oil exposure on important GOM species may have been exacerbated by 
environmental (i.e. hypoxia and low salinity) and anthropogenic (i.e. chemical dispersant) 
stressors.  Therefore, the present study investigated these knowledge gaps to contribute to a more 
accurate risk assessment concerning the impact of oil on GOM resident species, given the 
stressors likely associated with natural exposure. 
Risk assessment is typically conducted in four phases: hazard identification, effect 
assessment, exposure assessment, and risk characterization (van Leeuwen and Vermeire, 2007).  
This dissertation provides valuable data regarding the chemical hazards associated with oil spills 
(i.e. hazard identification) and the effects caused by exposure to different concentrations of those 
hazards (i.e. effect assessment), which together can be used to more accurately characterize the 
risk to important GOM species following a future oil spill.  The risk assessment can then be 
integrated into risk management, in which social, political, and economic factors are considered 
to classify risk, identify risk reduction options, and monitor risk management strategies (van 
Leeuwen and Vermeire, 2007). 
The present study assessed the impacts of oil exposure on two important GOM species, 
eastern oysters (Crassostrea virginica) and sheepshead minnows (Cyprinodon variegatus; 
SHM).  In addition to the massive commercial value of oysters in the GOM, oysters are critically 
important to the GOM ecosystem, providing a number of ecosystem services, including filtration 
of water, resulting in improved water quality and clarity for the rest of the community.  While 
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filtration of water allows oysters to remove and ingest phytoplankton from the water, it increases 
the vulnerability of oysters to dissolved and particulate material in the environment.  As 
dispersants act to break up oil into small droplets, use of dispersants may have been particularly 
harmful to organisms that ingest small particles in the water column.  The present study, 
therefore, characterized the sensitivity of oysters to dispersant, oil, and dispersed oil to determine 
if oysters were equally vulnerable to the three exposures.  Additionally, SHM were used to 
evaluate the toxicity of oil in different environmental conditions common to GOM estuaries.  
SHM are small fish native to the GOM with a remarkable tolerance for a broad range of 
environmental conditions (Nordlie, 2006).  Because of this tolerance, SHM encountering 
stressors such as hypoxia or low salinity may not have migrated to more optimal conditions, and 
therefore may have simultaneously experienced oil exposure and environmental stressors 
following the DWH oil spill.  SHM play an important ecological role in the GOM, as a prey 
source for larger carnivorous fish that are commercially or recreationally valuable to GOM 
fisheries, such as red drum and spotted seatrout.  The present study, therefore, investigated the 
effect of oil exposure on the health of SHM in different environmental scenarios to determine if 
environmental stressors exacerbate the effect of oil on SHM. 
The HEWAFs used for eastern oyster and sheepshead minnow oil exposure experiments 
represent PAH mixtures similar in composition and concentration to exposures that may have 
occurred in the northern GOM following the DWH oil spill.  More specifically, HEWAF has 
been demonstrated to be more similar than traditional WAF to the chemical composition of 
whole oil (Sandoval et al., 2017), and the tPAH concentrations of the diluted HEWAF used for 
experiments (1.5-30 ppb tPAHs) are within the range of concentrations measured in the GOM 
following DWH, as reported in the largest publicly available database of GOM water chemistry 
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data (BP Gulf Science Data, 2016).  Furthermore, a 2014 study reported tPAH concentrations of 
GOM water samples collected from the upper pelagic zone during active spilling in 2010 to 
range between 3-14 ppb (Incardona et al., 2014), providing further evidence that the tPAH 
concentrations generated from experimental dilutions of HEWAF were similar to levels 
measured in the GOM in 2010.  These experiments therefore represent environmentally realistic 
PAH exposures for species residing in the northern GOM during DWH. 
 
6.1. Effects in eastern oysters 
This study demonstrated that eastern oysters had different sensitivities to chemical 
dispersant (Corexit® 9500), oil (high-energy water-accommodated fraction; HEWAF), and 
dispersed oil (chemically-enhanced water-accommodated fraction; CEWAF) upon in vivo 
exposure.  These exposures were shown to modulate critical physiological functions of the 
oyster, including immune functions and water filtration (i.e. clearance rate), but to differing 
magnitudes, depending on the specific exposure.  Importantly, chemical dispersion of the oil (i.e. 
CEWAF) was generally more toxic than HEWAF, indicating that dispersant increased the 
exposure to PAHs, and/or increased the sensitivity of oysters to the oil components.   
Two innate immune functions important for host resistance to pathogens, phagocytosis 
and respiratory burst, were modulated in oysters in response to dispersant and CEWAF 
exposures.  Modulation of host immune functions, even slightly, can lead to increased host 
susceptibility to disease (Luster et al., 1993).  Future work should investigate the biological 
significance of the exposure-related immunomodulation, by assessing the impact of dispersant 
and CEWAF on susceptibility of oysters to relevant pathogens, such as the protozoan parasite 
Perkinsus marinus.  P. marinus is known localize to the phagosome of oyster hemocytes 
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(Fernandez-Robledo et al., 2008), so modulation of phagocytosis or respiratory burst functions 
could have direct consequences on the ability to clear a P. marinus infection. 
While oysters provide several ecosystem services, one of the most critical is filtration of 
seawater, which allows the oysters to eat phytoplankton, but also improves water quality and 
clarity, a benefit to all species of the estuarine community.  The present study demonstrated that 
clearance rates were decreased following exposure to Corexit®, HEWAF, and CEWAF, 
indicating that contaminants resulting from the DWH oil spill, whether it was dispersant alone, 
soluble oil components, or dispersed oil, may have impacted the ability of GOM oysters to filter 
seawater and feed.  In addition to decreased growth of the oysters, reduced filtration could result 
in a build-up of dissolved nutrients such as nitrogen, reducing water quality, which could affect 
other species in the community, leading to a cascade of impacts.  Importantly, oyster clearance 
rates were more sensitive to CEWAF than HEWAF, indicating that dispersion of the oil 
exacerbated this effect.  These data suggest that while use of chemical dispersants may have 
reduced impacts to certain shoreline species, such as birds, toxicity was increased for oysters, a 
species economically and ecologically valuable to the GOM.  This should be considered when 
balancing the trade-offs of dispersant use as a remediation tool following a future oil spill.  
 In addition to the adverse effects associated with dispersants and PAHs, including 
immunotoxicity and reduced clearance rates, oysters in the GOM likely experienced the 
additional stress of reduced salinity as a result of freshwater diversions from the Mississippi 
River in efforts to reduce shoreline impacts of oil.  Oysters are sensitive to changes in salinity, 
changing their filtration and respiration in response to high or low salinity (Das et al., 2012).  
Oyster recruitment was reported to be severely reduced in the GOM following massive 
diversions of freshwater by the state of Louisiana (Martínez et al., 2012).  Since low salinity is a 
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known stressor of eastern oysters, future studies should investigate if low salinity exacerbated the 
impact of oil and dispersant on oyster immune functions and clearance rates.  The exacerbation, 
or lack of exacerbation, would help to provide more accurate risk assessments concerning the 
impact of oil spill contaminants on the health of eastern oysters, and may help to inform decision 
making in regards to freshwater diversions following future spills. 
 
6.2. Effects in sheepshead minnow 
 This study demonstrated the effects of natural stressors, low dissolved oxygen and low 
salinity, on the response of SHM to oil exposure.  Exposure of SHM to HEWAF in “optimal” 
environmental conditions, based on previous published SHM exposures in similar conditions 
(Brown-Peterson et al., 2013; Hedgpeth and Griffitt, 2016), in which salinity was brackish (15 
ppt) and dissolved oxygen levels were normoxic (6 mg/L), resulted in decreased reproductive 
capacity and a range of developmental effects in offspring (F1 and F2) raised in clean water (i.e. 
without any additional exposure to HEWAF).  Strikingly, when the F1 generation of offspring 
matured to adults, the fish exhibited a similar trend of impaired reproductive capacity.  
Moreover, an F2 generation of offspring displayed similar developmental deficits as the F1 
generation.  These observations provide strong evidence that the effects of HEWAF on SHM 
were transgenerational.  Transgenerational effects of HEWAF on reproduction and development 
can reduce survival and decrease recruitment, leading to population level impacts in exposed 
SHM.   
While the transgenerational study provided valuable insight into the lasting effects of 
exposure to HEWAF for an environmentally realistic period of time (14 d), considering that oil 
actively leaked into the GOM for nearly 3 months, it is still unclear by which cellular pathway(s) 
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and mechanism(s) the F1 and F2 generations were impacted by HEWAF.  The F1 generation was 
only directly exposed to HEWAF as embryos for a maximum of 24 h, between the time of 
spawning and daily egg collection.  While the F2 generation was never directly exposed to 
HEWAF, it is possible that there were early effects on germ line cells of the developing F1 
embryos during the first <24 h post-spawning that could be attributable to direct HEWAF 
exposure.  It is also possible that epigenetics play a role by altering DNA methylation patterns, as 
was previously demonstrated in mummichog (Fundulus heteroclitus) embryos exposed to PAHs 
(Fang et al., 2010).  Future studies should investigate the mechanism of transgenerational PAH 
toxicity in the F2 embryos by using advanced molecular techniques, including RNA sequencing, 
to identify modulated pathways.   
Exposure of SHM to HEWAF in scenarios of environmental stress, specifically low 
dissolved oxygen (hypoxia) with or without low salinity, resulted in exacerbated effects on 
reproductive and developmental endpoints.  This suggests that SHM in areas of the GOM 
experiencing hypoxia or low salinity were at increased risk of toxic effects from oil exposure.  
The likelihood of SHM experiencing hypoxia simultaneously with oil exposure during the DWH 
oil spill was high.  During the time of the DWH oil spill, the hypoxic zone of the GOM spanned 
20,000 km2 (Turner et al., 2012).  SHM in particular are remarkably tolerant to low dissolved 
oxygen, and likely would not migrate to avoid moderately low (~2-3 mg/l) dissolved oxygen, 
comparable to levels of hypoxia used in the present study.  These data provide valuable 
information that can be used for identification of environmental conditions in which effects of oil 
exposure are worsened, a critical need for accurate risk assessment and informed prioritization of 
areas for remediation post-oil spill.   
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The developmental effects of HEWAF compound the decreased reproductive capacity, 
such that an already reduced population of offspring have developmental abnormalities that may 
reduce organism fitness and further decrease the number of offspring that survive to adulthood.  
In combination with transgenerational effects, this can quickly lead to drastic population level 
impacts.  The present study generated valuable quantitative data that can be utilized in a 
population model to predict these population level effects on SHM and identify areas of concern 
in which the environmental conditions are most likely to exacerbate the effects of oil and result 
in population level impacts.  Importantly, a reduction or collapse of the SHM population in a 
GOM estuary could have devastating consequences to the rest of the estuarine community as 
well.  Small fish, like SHM, occupy key positions in aquatic food webs, as prey for larger 
carnivorous fish and birds.  A collapse in the SHM population due to oil exposure could cause a 
trophic cascade in the GOM ecosystem, indirectly affecting the species dependent on SHM for 
prey/food (Fleeger et al., 2003; Logan, 2007).  This could result in reduced food availability for 
predators, or a need to switch to a different food source. 
There is a clear need for a better understanding of the mechanism of developmental 
toxicity in offspring of PAH-exposed fish.  As PAHs are known to pass directly through the 
embryo chorion and rapidly accumulate (McElroy et al., 2006), an interesting avenue of future 
research would be to quantify the concentrations of PAHs in F1 embryos collected from parental 
HEWAF exposures in different environmental scenarios.  Quantifying the burden of PAHs, as 
well as the relative abundance of particular PAHs known to exert developmental effects, such as 
phenanthrene, may help to elucidate the mechanisms responsible for the developmental 
abnormalities and the exacerbation of these effects in scenarios of environmental stress. 
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Future studies should also investigate the effect of depuration (exposure to clean water) 
on the reproductive and developmental effects observed in response to HEWAF exposure.  
Determining if effects of HEWAF are dependent on continuous exposure or subside following a 
period of depuration would also help to identify and prioritize areas for remediation.  For 
example, if it is determined that SHM can recover to normal levels of reproduction and normal 
development following transient exposure to HEWAF followed by a period of depuration, then 
remediation efforts may aim to limit the duration, but not necessarily prevent, oil exposure and 
prioritize other, more sensitive areas that cannot tolerate even short-term exposure.  It should 
also be evaluated whether the environmental conditions in which the SHM are transiently 
exposed to HEWAF alters the ability of the fish to recover post-exposure. 
SHM exhibit tolerance for a broad range of salinities and dissolved oxygen levels 
(Nordlie, 2006), and are therefore an ideal model in which to test the combination of 
environmental stressors and HEWAF exposure.  However, it is likely that other species of fish 
that are less tolerant to changes in water conditions would be more sensitive to the combined 
stress of adverse environmental conditions and oil exposure, resulting in more severe 
exacerbation of HEWAF-induced reproductive and developmental effects.  These data indicate 
that risk assessments concerning the impact of oil on affected species need to consider naturally 
occurring environmental stressors.  Failing to do so neglects a critical variable in the response of 
the species to oil exposure, and likely underestimates risk.  
 
6.3. Overall conclusion 
This study investigated the effect of natural (environmental) and anthropogenic (chemical 
dispersant) stressors on the response of important GOM species to PAH exposure.  Oysters were 
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not equally sensitive to HEWAF, Corexit®, and CEWAF exposures, but were generally most 
sensitive to CEWAF.  The use of chemical dispersants in the GOM in spill remediation efforts 
may therefore have exacerbated toxicity in eastern oysters.  HEWAF exposure caused 
reproductive and developmental effects in SHM, and these effects were more severe when fish 
were exposed to HEWAF in conditions of environmental stress.  Moreover, HEWAF effects on 
SHM reproduction and development were transgenerational, affecting two generations of 
offspring.  These data demonstrated that SHM residing in GOM estuaries experiencing 
fluctuations of dissolved oxygen and salinity were at increased risk of adverse effects of oil 
exposure.   
In summary, data from this study provides more accurate risk assessment concerning the 
impact of oil on GOM oysters and fish, and presents valuable information to inform remediation 
efforts following a future oil spill.  While oil exposure can cause direct mortality in a number of 
aquatic species, these data demonstrated that exposure can also result in sub-lethal modulation of 
a number of important physiological functions, including innate immunity, reproduction, and 
development, that can reduce organism fitness and cause lasting effects at the population and 
ecosystem level.  
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Appendix: Sheepshead Minnow Gene Expression 
 
7.1. Introduction 
 In order to better understand the mechanisms and pathways responsible for the 
reproductive effects observed in sheepshead minnow (SHM) following oil exposure in different 
environmental scenarios, target tissues including livers, gonads, and gills, were analyzed for 
expression of genes involved in steroidogenesis, hydrocarbon metabolism, and hypoxia.  To 
maintain clarity and conciseness of the dissertation chapters (and associated peer-reviewed 
publications), gene expression data are reported in this appendix. 
 
7.2. Methods 
F0 SHM were exposed to high-energy water-accommodated fraction (HEWAF) during an 
adult reproductive test under three different environmental scenarios: normoxic (NORM), 
hypoxic (HYP), and hypoxia with low salinity (HYP-LS).  Briefly, SHM were exposed to 
HEWAF continuously for 14 d, using a flow-through system that facilitated two turnovers of 
water per day, and assessed daily for number of eggs spawned per tank.  Water temperature was 
maintained at 30 ˚C for all three scenarios.  Dissolved oxygen (DO) levels were 6 mg/L for the 
NORM scenario and 2.5 mg/L for the HYP and HYP-LS scenarios.  Salinity was kept at 15 ppt 
for NORM and HYP scenarios, and 10 ppt for the HYP-LS scenario.  F1 eggs collected during 
the F0 exposure in the NORM scenario on days 7 and 10 of exposure were maintained in clean 
artificial seawater through development to the adult stage (125 dph) to analyze transgenerational 
effects.  These F1 SHM were then subjected to the same reproductive test as the F0 SHM, but 
with no additional exposure to HEWAF.  Following the 14 d reproductive test, fish were netted 
and anaesthetized using buffered tricaine methanesulfonate (MilliporeSigma, Burlington, MA, 
USA) at a concentration of 0.1 g/L.  Standard length and wet weight were determined, and 
subsequently fish were euthanized by spinal severance.  After euthanasia, fish were dissected to 
remove liver, gonads, and gills, which were placed in RNAlater™ Stabilization Solution 
(Invitrogen, Waltham, MA). 
Real-time PCRs were developed, optimized, and validated for genes involved in 
steroidogenesis, hydrocarbon metabolism, and hypoxia.  Genes to assess steroidogenesis 
included cytochrome p450 side chain cleavage (cyp11a1), gonadal aromatase (cyp19), and 17b 
hydroxysteroid dehydrogenase (hsd17).  Cytochrome p450 1a1 (cyp1a1) was analyzed to assess 
hydrocarbon metabolism.  Genes to assess hypoxia included hemoglobin (hb), erythropoietin 
(epo), and heat shock protein 70 (hsp70).  Beta actin (b actin) was used as a reference gene.  
Primer sequences were based on published sequences of SHM or other closely related fish 
species, including Gulf killifish (Fundulus grandis).  The primer sequences are listed in Table 1.  
All primers were purchased from Invitrogen. 
RNA was extracted from liver, gonad, and gill samples for qRT-PCR using the Direct-zol 
RNA Miniprep Plus kit (Zymo Research, Irvine, CA).  RNA concentration was determined using 
a Qubit fluorometer (Invitrogen/ThermoFisher Scientific, Waltham, MA).  After isolation, RNA 
was reverse transcribed into cDNA using a high capacity cDNA reverse transcription kit 
(Applied Biosystems/ThermoFisher Scientific, Waltham, MA) and the qRT-PCR was performed 
using SYBR green (ThermoFisher Scientific, Waltham, MA) on a CFX96 Real-Time PCR 
Detection System (Bio-Rad, Hercules, CA).  Samples were run in duplicate.  Cycling conditions 
for liver and gill genes were 95°C for 10 min, 40 cycles of denaturation at 95°C for 15 sec and 
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annealing at 61°C for 1 min, followed by a dissociation stage. For gonad-specific genes, 
annealing temperatures were 54 or 57°C.  Product specificity was monitored by analysis of 
melting curves.  Gene expression data were analyzed using the Comparative CT (DDCT) Method. 
 
7.3. Results 
 Liver expression of cyp1a1 was increased 4, 4.2, and 3.6-fold above control SHM 
following exposure to low HEWAF in the NORM, HYP, and HYP-LS scenarios, respectively 
(Table 2).  Liver expression of cyp1a1 was increased 12.5, 9.2, and 2.9-fold above control SHM 
following exposure to high HEWAF in the NORM, HYP, and HYP-LS scenarios, respectively.  
Liver expression of epo was increased 2.6 and 3.4-fold above control SHM following exposure 
to low HEWAF in the NORM and HYP-LS scenarios, respectively (Table 2).  Liver expression 
of epo was increased 4.2-fold above control SHM following exposure to high HEWAF in the 
NORM scenario.  Liver expression of hb was increased 17.5-fold above control SHM following 
exposure to low HEWAF in the NORM scenario and decreased 0.3-fold following exposure to 
high HEWAF in the HYP-LS scenario. 
There were no significant changes in gene expression in gonads in SHM exposed to low 
or high HEWAF in any environmental scenario (Table 3 and 4). 
Gill expression of cyp1a1 was increased 11 and 13.8-fold above control SHM following 
exposure to low HEWAF in the HYP and HYP-LS scenarios, respectively (Table 5).  Gill 
expression of cyp1a1 was increased 25.6 and 20.1-fold above control SHM following exposure 
to high HEWAF in the HYP and HYP-LS scenarios, respectively (Table 5). 
There were no significant changes in gene expression in livers, gonads, or gills of adult 
F1 SHM collected from the NORM scenario (Table 6, 7, and 8). 
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Table 1. Sequence of the forward and reverse primers used to amplify reference and target 
genes. 
 
Gene  Sequence: 5' to 3' 
b actin 
Forward CCTCCAAGACACCCAACAA 
Reverse TAACGCCTCCTTCATCGTTC 
   
cyp1a1 
Forward GCAGATTAACCACGACCCAGAG 
Reverse GCATCGCCTCCTTCCTAAGC 
   
epo 
Forward GGCCAATCTGTGACCTGAG 
Reverse TGCTCCGTTGCGTCTTTC 
   
hb 
Forward TGCCACCATCAAGGACATC 
Reverse AGCATCCGCATTGTAGAGG 
   
hsp70 
Forward ACGTGTCCATCCTGACCATC 
Reverse TTCTGACTGATGTCCTTCTTGTG 
   
cyp11a1 
Forward GAGGCTTGGGATGGGATATT 
Reverse TCATACAGCGTCCACAGGAG 
   
hsd17 
Forward ACAGCCAGCCGTAGAC 
Reverse TCCTAAAGCCAGTGATGAC 
   
cyp19 
Forward GCGGCTCCAGATACTC 
Reverse ACTCTCCAGAATGTTTAACC 
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Table 2.   Expression of genes in the livers of sheepshead minnow (SHM) exposed to low 
(1.25%) or high (12.5%) high-energy water-accommodated fraction (HEWAF) for 14 d in the 
normoxic (NORM), hypoxic (HYP), or hypoxic with low salinity (HYP-LS) scenario.  Fold 
change values were calculated by the Comparative CT (DDCT) Method.  Fold change ranges were 
calculated using standard deviation of the DDCT value.  Data from male and female fish were 
combined to increase sample size.  Values in bold with an asterisk were statistically significant 
from controls using one-way ANOVA with Holm-Sidak method (p < 0.05).  Sample size is 
indicated in the table. cyp1a1: cytochrome p450 1a1; epo: erythropoietin; hb: hemoglobin; 
hsp70: heat shock protein 70; cyp11a1: cytochrome p450 side chain cleavage 
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Table 3.   Expression of steroidogenesis genes in the gonads of sheepshead minnow (SHM) 
exposed to low (1.25%) high-energy water-accommodated fraction (HEWAF) for 14 d in the 
normoxic (NORM), hypoxic (HYP), or hypoxic with low salinity (HYP-LS) scenario.  Fold 
change values were calculated by the Comparative CT (DDCT) Method.  Fold change ranges were 
calculated using standard deviation of the DDCT value.  There were no statistically significant 
differences from controls using one-way ANOVA with Holm-Sidak method (p > 0.05).  Sample 
size is indicated in the table. cyp11a1: cytochrome p450 side chain cleavage; hsd17: 17b 
hydroxysteroid dehydrogenase; cyp19: aromatase, n.d.: no data. 
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Table 4.   Expression of steroidogenesis genes in the gonads of sheepshead minnow (SHM) 
exposed to high (12.5%) high-energy water-accommodated fraction (HEWAF) for 14 d in the 
normoxic (NORM), hypoxic (HYP), or hypoxic with low salinity (HYP-LS) scenario.  Fold 
change values were calculated by the Comparative CT (DDCT) Method.  Fold change ranges were 
calculated using standard deviation of the DDCT value.  There were no statistically significant 
differences from controls using one-way ANOVA with Holm-Sidak method (p > 0.05).  Sample 
size is indicated in the table. cyp11a1: cytochrome p450 side chain cleavage; hsd17: 17b 
hydroxysteroid dehydrogenase; cyp19: aromatase, n.d.: no data. 
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Table 5.   Expression of cyp1a1 in gills of sheepshead minnow (SHM) following exposure to 
low (1.25%) or high (12.5%) high-energy water-accommodated fraction (HEWAF) for 14 d in 
the normoxic (NORM), hypoxic (HYP), or hypoxic with low salinity (HYP-LS) scenario.  Fold 
change values were calculated by the Comparative CT (DDCT) Method.  Fold change ranges were 
calculated using standard deviation of the DDCT value.  Data from male and female fish were 
combined to increase sample size.  Values in bold with an asterisk were statistically significant 
from controls using one-way ANOVA with Holm-Sidak method (p < 0.05).  Sample size is 
indicated in the table.  cyp1a1: cytochrome p450 1a1, n.d.: no data. 
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Table 6.   Expression of genes in livers of adult F1 sheepshead minnow (SHM) produced by F0 
SHM during exposure to low (1.25%) or high (12.5%) high-energy water-accommodated 
fraction (HEWAF) for 14 d in the normoxic (NORM) scenario.  Fold change values were 
calculated by the Comparative CT (DDCT) Method.  Fold change ranges were calculated using 
standard deviation of the DDCT value.  Data from male and female fish were combined to 
increase sample size.  There were no statistically significant differences from controls using one-
way ANOVA with Holm-Sidak method (p > 0.05).  Sample size is indicated in the table. cyp1a1: 
cytochrome p450 1a1; epo: erythropoietin; hb: hemoglobin; hsp70: heat shock protein 70; 
cyp11a1: cytochrome p450 side chain cleavage. 
 
  
  
F1 Generation 
 
Fold Change 
(Range) 
Gene 
Low HEWAF High HEWAF 
M/F 
Combined n 
M/F 
Combined n 
cyp1a1 1.4 (0.5 - 3.8) 16 
1.4 
(0.4 - 4.9) 13 
epo 0.8 (0.3 - 2.4) 16 
1.2 
(0.3 - 4.4) 13 
hb 1.0 (0.1 - 7.5) 15 
0.6 
(0.1 - 5.5) 13 
hsp70 0.7 (0.1 - 5.2) 16 
1.4 
(0.2 - 11.6) 13 
cyp11a1 1.3 (0.3 - 5.7) 16 
1.8 
(0.3 - 10.0) 11 
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Table 7.   Expression of steroidogenesis genes in gonads of F1 sheepshead minnow (SHM) 
produced by F0 SHM during exposure to low (1.25%) or high (12.5%) high-energy water-
accommodated fraction (HEWAF) for 14 d in the normoxic (NORM) scenario.  Fold change 
values were calculated by the Comparative CT (DDCT) Method.  Fold change ranges were 
calculated using standard deviation of the DDCT value.  There were no statistically significant 
differences from controls using one-way ANOVA with Holm-Sidak method (p > 0.05).  Sample 
size is indicated in the table. cyp11a1: cytochrome p450 side chain cleavage; hsd17: 17b 
hydroxysteroid dehydrogenase; cyp19: aromatase, n.d.: no data. 
 
  
  
F1 Generation 
 
Fold change 
(Range) 
Gene Low HEWAF High HEWAF 
Female n Male n Female n Male n 
cyp11a1 0.7 (0.4 - 1.4) 3 
1.0 
(0.6 - 1.6) 2 
0.7 
(0.2 - 2.2) 5 
0.6 
(0.004 - 96.4) 2 
hsd17 0.70 1 n.d. 1 0.1 (0.1 - 0.2) 4 n.d. 1 
cyp19 0.7 (0.3 - 1.3) 3 1.30 1 
0.5 
(0.3 - 0.8) 5 
8.0 
(0.6 - 116.3) 2 
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Table 8.   Expression of cyp1a1 in gills of F1 sheepshead minnow (SHM) produced by F0 SHM 
during exposure to low (1.25%) or high (12.5%) high-energy water-accommodated fraction 
(HEWAF) for 14 d in the normoxic (NORM) scenario.  Fold change values were calculated by 
the Comparative CT (DDCT) Method.  Fold change ranges were calculated using standard 
deviation of the DDCT value.  Data from male and female fish were combined to increase sample 
size.  There were no statistically significant differences from controls using one-way ANOVA 
with Holm-Sidak method (p > 0.05).  Sample size is indicated in the table. cyp1a1: cytochrome 
p450 1a1 
 
 
 
  
  
F1 Generation 
 
Fold change 
(Range) 
Gene 
Low HEWAF High HEWAF 
M/F 
Combined n 
M/F 
Combined n 
cyp1a1 5.9 (0.8 - 41.3) 6 3.1 1 
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